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ABSTRACT
Current regulatory testing provides the basis for determining acceptable levels of
pollutants in the environment, yet these acceptable levels of contaminants have resulted in
undesirable consequences to organisms. The purpose of this dissertation was to test the
hypothesis that biomarkers of cellular stress could be detected from sub-lethal exposure to
pesticides in sperm and early life stages of broadcast spawning invertebrates. Exposures were
conducted on oyster (Crassostrea virginica), mussel (Mytilus galloprovincialis and Dreissena
polymorpha), and sea urchin (Lytechinus variegatus) embryos and larvae for 4 and 24 h to
Bayluscide® and Roundup®. DNA fragmentation, a characteristic of apoptotic cells, was
detected with the TUNEL method and an ELISA. Hsp70 expression was detected with Western
blotting and quantified with densitometry. Sperm were exposed to the pesticides for 20 min and
analyzed for cellular effects using flow cytometry.
Apoptosis levels often revealed a bell-shaped dose response in which there was a
threshold concentration that elicited a change from apoptotic induction to necrosis. This change
suggests irreversible damage to the organism has occurred and it is no longer using apoptosis as
a defensive mechanism. The apoptotic results also revealed differential response levels among
species despite very similar developmental stages. Hsp70 isoform expression was variable in
controls and treatments of the majority of exposures. Therefore, it was concluded that this
biomarker is unsuitable for use in early life stages of these species. Flow cytometric analyses of
sperm viability biomarkers revealed that MitoTracker® was a reliable indicator for detecting
changes in mitochondrial membrane polarization from Bayluscide® exposures, FITC-peanut
agglutinin (PNA) reported acrosome reaction in two test species after Roundup exposures, and
the SYBR®-14/propidium iodide (PI) assay only detected compromised membranes with
Roundup® exposures as PI did not bind in the presence of Bayluscide®.
xi

If the damage incurred at these stages does translate to lower fertilization success and
abnormal development then it is probable that reproductive competence will also be affected.
Once long-term effects are established, detecting damage to sperm and early life stages can
provide insight into the sub-lethal concentrations that may seemingly appear safe for an
organism but can potentially pose serious risks to the population.
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CHAPTER 1

LITERATURE REVIEW

1

1.1 Introduction
Anthropogenic activities, such as industrialization, urbanization, and agriculture have led
to increased levels of chemical agents in the environment. Chemicals that are manufactured and
used in the United States are regulated by the Environmental Protection Agency (EPA) as
authorized by federal statutes. Pesticides and industrial chemical substances are among the
largest number of chemicals present in the environment. These are regulated according to the
Federal Insecticide, Fungicide, and Rodenticide Act (FIFRA) and the Toxic Substances Control
Act (TSCA), respectively (Ferrey 2004). FIFRA states that a pesticide is not permitted to be sold
or distributed in the United States unless a registration, or license, with the EPA has been
obtained (EPA 2009a). TSCA allows the EPA to require manufacturers and processors of new
and existing chemicals to submit notices of intent for manufacturing chemical substances or for
an existing chemical to have a significant new use. All chemicals regulated under TSCA are
placed on the TSCA Inventory (EPA 2009b).
Prior to registering a new pesticide or new use for a registered pesticide, EPA is
responsible for ensuring that the pesticide can be applied without unreasonable harm to human
health and to the environment when used according to label directions. To make such
determinations, EPA requires the applicants to provide information on the chemical nature of the
pesticide and the results of standard toxicity tests (EPA 2009a). Under TSCA, the EPA
determines whether or not to require chemical manufacturers to test their chemical substances for
health and environmental effects. Based on these qualifications, there are approximately 20,000
pesticides registered under FIFRA and over 83,000 existing chemicals in the TSCA Inventory
(EPA 2009b).
Despite the extent of testing required for a chemical to be used in the United States,
unanticipated toxicity has been observed in a multitude of species after many of these chemicals
2

have been allowed in the environment. Studies have shown that normal usage patterns of
chemicals that have undergone regulatory testing and permitting, such as tributyltin (Horiguchi
et al. 2006), organophosphate pesticides (Budischak et al. 2008), and atrazine (Hayes et al. 2003,
Storrs & Kiesecker 2004), have resulted in undesirable, unpredicted consequences. These
findings suggest that the regulatory toxicity tests used to determine safe levels of a chemical are
not conservative in providing protection for a large number of organisms in the environment.
LeBlanc and Bain (1997) suggest that the effects caused by many regulated chemicals were not
identified during the risk assessment because of several possible reasons including: a) adequate
data on effects over the life cycle of organisms was not acquired, b) test species were not
sensitive to the chemical, and c) insufficient endpoints of toxicity were used. Based on these
assertions, it is evident there is a need for the development of methods to better identify,
estimate, and manage the risks posed by these chemicals (Cajaraville et al. 2000).
This review focuses on a more inclusive, conservative approach to toxicity testing. The
early life stages of species are generally more vulnerable to toxic insults. The following will
provide an overview of the literature regarding toxic impacts on early life stages of aquatic
species and the detection of stress from sub-lethal exposure concentrations with the use of
molecular and cellular biomarkers as endpoints.

1.2 Early Life Stage Sensitivity
Studies have shown that, in general, the earliest life stages of an organism are more
sensitive to pollutants in comparison to their respective adult stages (Beiras & His 1995, Pagano
et al. 1996, His et al. 1999, Xie et al. 2005). Therefore, gametes, embryos, and larvae represent
the critical life stages for toxicity testing (Giesy & Graney 1989).
This increased sensitivity is of particular significance to early life stages of many aquatic
and marine invertebrates. While most vertebrates rely on parental protection by spending this
3

critical time of development inside an egg or the mother‟s womb, many aquatic and marine
invertebrate embryos and larvae are in the water column beginning at the time of fertilization or
only shortly therafter (Hamdoun & Epel 2007). Invertebrates living in the water are often
broadcast spawners, meaning they release millions of gametes into the water column where
external fertilization then occurs (Marshall 2006). Hence, the gametes, embryos, and larval
stages are directly exposed to any chemical or chemical mixture found in the water (Epel 2003).
Since many aquatic invertebrates develop in coastal and river ecosystems, the probability of an
exposure to the gametes and early life stages is increased due to the direct point source discharge
of pollutants into the water, such as sewage effluent or industrial wastes (Boulanger et al. 2005),
and from non-point source pollution, such as stormwater and agricultural drainage (Weston et al.
2009). While these embryos are often equipped with high levels of cellular defense packages in
the egg before fertilization, these cellular defenses most likely have evolved to protect against
the expected environment, not the anthropogenic stressors encountered in the world today
(Hamdoun & Epel 2007). Hamdoun and Epel (2007) also state that chemicals that elude
defenses or misdirect developmental decisions in these early stages are of special concern.
Exposures occurring during this developmental period can be especially detrimental
because during these very early life stages processes central to the formation of normal
developmental patterns are occurring; morphological axes are being formed, cells are being
rearranged, their fate is specified, and the multilayered body plan is established (Gilbert 2003).
If cells are damaged during this period, there is a potential to alter the development of processes
critical to the survival and reproduction of the organism. This is of particular importance to
organisms that use a mosaic developmental pattern, such as mollusks, annelids, and tunicates.
In these invertebrate embryos, the fate of each cell is predetermined and has independent, selfdifferentiating parts (Wilson 1904, Davidson 1991). If one of the cells is damaged, another cell
4

will not be able to change its fate and „take over‟ for the damaged one (Davidson 1991). Early
studies have shown that an eliminated cell at this embryonic stage results in abnormal
development (Chabry 1887, Wilson 1904, Kume & Dan 1968). Thus, if the damaged cells are
fundamental to the reproductive capabilities of the organism, then the long-term effects could be
manifested as reduced or complete disruption of fecundity.
1.2.1 Gamete Exposure to Toxicants
Studies on gamete exposure to toxicants have been conducted in the past to investigate
the adverse effects on fertilization and development. Fertilization success of surfactant-exposed
sperm in the sea urchin Paracentrotus lividus was significantly decreased and found to be
indirectly related to the length of the alkyl chain of anionic and nonionic surfactants (Ghirardini
et al. 2001). Another species of sea urchin, Anthocidaris crassispina, has been studied for
cadmium effects on gametes. The fertilizing capabilities of A. crassispina sperm were
significantly decreased after cadmium exposure, as well as a disruption of first cleavage in newly
fertilized eggs that had been pre-exposed to cadmium (Vaschenko et al. 1999). Mwatibo et al.
(1997) and Arslan et al. (2007) also reported an increase in developmental abnormalities of sea
urchin plutei larvae developed from gametes exposed to the pesticide methoxychlor and to the
surfactants nonylphenol and octylphenol, respectively. These results indicate a transmissible
effect from gamete exposure to defects in development, further suggesting that this effect in
development could be due to an alteration of the essential components supplied by the gametes
(Mwatibo & Green 1997). Additionally, this effect was observed in early developmental stages
of the polychaete Hydroides elegans in which effluent-exposed gametes produced larvae with
delayed and abnormal trochophore development (Thilagam et al. 2008). These examples are not
exclusive to invertebrates. Campagna et al. (2002) found that an in vitro exposure of porcine
gametes to an organochlorine disrupted sperm fertility and embryonic development as well.
5

1.2.2 Embryonic Exposure to Toxicants
While adverse effects have resulted from gamete exposure, studies have also reported
developmental abnormalities as a result of embryonic exposure in the water column. Sea urchin
embryos exposed to methoxychlor experienced irregular cleavages, failure to hatch from the
fertilization membrane, and abnormal gut development (Green et al. 1997). Embryos produced
from pre-exposed eggs of A. crassispina were treated with cadmium throughout embryogenesis
resulting in a significantly high percentage of abnormal plutei larvae with poorly differentiated
intestines and no mouth, both characteristics of pre-plutei stages (Vaschenko et al. 1999).
While the notion that early life stages are more sensitive than adults is widely accepted
for aquatic and marine invertebrates, it cannot be assumed that all early life stages will exhibit
similar toxicity between different species. His and Heyvang (1999) conducted a comparison
study between oyster (Crassostrea gigas) and sea urchin (P. lividus) early life stages to
investigate percentage differences of abnormal embryos and larvae after exposure to several
heavy metals and pesticides. Differential toxicity was observed between these species for most
of the chemical stressors tested. C. gigas embryos and larvae were more sensitive to copper, yet
P. lividus embryos and larvae were more sensitive to lead and mercury; equal toxicity to
tributyltin was observed. C. gigas early stages exhibited more toxicity to the herbicide Dinoterbe
than that exhibited by P. lividus (His et al. 1999).
Another study investigated differential pesticide toxicity of estuarine invertebrate larvae
versus freshwater invertebrate larvae (Sanchez-Fortun & Barahona 2005). The estuarine larvae,
Artemia franciscana and Brachionus plicatilis, and the freshwater larvae, Brachionus
calyciflorus and Thamnocephalus platyurus, were exposed for 24 h to different pyrethroid
pesticides. The freshwater organisms were overall more sensitive to the pesticides although B.
plicatilis larvae exhibited a different rank order of toxicity to the pesticides than the other species
6

(Sanchez-Fortun & Barahona 2005). These studies present evidence that sensitivity to chemicals
cannot be predicted based on a single chemical exposure because toxicity will vary among
species and chemical, thus further giving weight to the argument that it is difficult to rely on a
representative species for toxicity testing and devising environmental protective measures.
Early development in invertebrates is usually comprised of a series of morphologically
distinct stages that could respond differently to a stressor in the environment. Several
invertebrates have been previously tested for differential toxicity within the early stages when
exposed to different chemical stressors. Fisher et al. (1994) described the varying sensitivities of
D. polymorpha life stages to several pesticides. Interestingly, sensitivity decreased with
successive stages when D. polymorpha was exposed to Calgon H-130, Clamtrol CT-1, and Sal 1,
yet the earliest life stage tested was the least sensitive to a different pesticide, rotenone (Fisher et
al. 1994). Early life stage sensitivity to copper was examined in the polychaete H. elegans.
These early stages exhibited increased sensitivity to copper, the trochophore larval stage
experienced significant mortality at 10 μg/l compared to the higher concentrations that produced
the same effects in the earlier blastula stage (25 μg/l) and the much later adult stage (500 μg/l)
(Xie et al. 2005). Zinc was found to be much more toxic than cadmium to the early cleavage and
blastula stages in the Mediterranean mussel, Mytilus galloprovincialis, but the trochophore stage
was markedly more sensitive than the later veliger stages to both metals (Pavicic et al. 1994).
Beiras et al. (1995) exposed different life stages of M. galloprovincialis to mercury and reported
a consistent decreased sensitivity to the metal as developmental stages increased in age.
These reports on gamete exposure and embryonic exposure prove the importance of
testing all life stages to the chemical compounds for more accurate determinations of potential
toxic effects during the life cycle of the organism.
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1.3 Biomarkers
Traditional aquatic toxicity assays use lethality as the endpoint for determining acute and
chronic toxicity to a chemical. Focus in recent decades has been on the detection of biomarkers
to better indicate the chemical concentrations that are damaging organisms rather than producing
overt mortality.
A biomarker is defined by the National Research Council (NRC) as a “xenobiotically
induced alteration in cellular or biochemical components or processes, or functions that is
measurable in a biological system or sample” (NRC 1987). Biomarkers can be further
categorized as indicators of exposure or effect (Klaassen 2001). Exposure biomarkers are used
to indicate exposure to an agent, as in assaying an organism for the breakdown product of a
chemical. Effect biomarkers are used to indicate an effect from an exposure to an agent. Testing
for certain physiological changes that occur when an organism is experiencing physiological
stress is a common way to detect biomarkers of adverse effects from exposure to chemical
stressors.
Toxicity bioassays for detection of stress biomarkers provide important tools for
biomonitoring, risk assessment, and toxicological research because this is often the first
detectable change in an organism that occurs from an environmental insult. Concentrations at
which overt mortality is not observed have been shown to produce effects on other important
factors such as growth, maturation, and reproduction, all of which can lead to population-level
disturbances (Sarokin & Schulkin 1992). In order to provide an accurate assessment of a
chemical‟s impact on organism health, sensitive biomarkers must be developed and used for
detection of xenobiotically-induced early changes in cellular homeostasis (Busch et al. 2004).
Stress biomarkers detected at the molecular and cellular level can provide „early warning‟ tools
that have the advantage of being predictive of changes at the population, community, and
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ecosystem levels (Cajaraville et al. 2000). Additionally, this early detection of effects can serve
as warning signals to the need of remedial or preventative action before irreversible
environmental damage occurs (Sarkar et al. 2006).
1.3.1 Organismal Level
In most studies, the investigated endpoint used in bivalve and sea urchin larvae toxicity
tests is the frequency of morphological abnormalities in developmental stages (Pavicic et al.
1994, Beiras & His 1995, Green et al. 1997, His et al. 1999, Arslan et al. 2007). These
abnormalities are usually scored as the percentage of bivalve larvae that reach normal D-shape
veliger (in bivalves) and normal plutei larvae (in sea urchins). However, it is safe to assume that
any morphological abnormalities observed at these stages have been preceded by an adverse
change in physiological processes causing the abnormal development to ensue. The relevance of
these early events in embryonic and larval damage is particularly important because
developmental patterns are dependent on correct timing and activity of molecular and cellular
processes (Bonaventura et al. 2005).
The following sections in this review will introduce some widely-used biomarkers at the
cellular and tissue level. These biomarkers provide an early estimate of the beginnings of a
stress response in animals and thus, are more predictive of the concentrations at which damage is
being induced.
1.3.2 Apoptosis
Apoptosis, or programmed cell death, is the process by which a cell undergoes a series of
progressive steps ultimately leading to the dismantling of the cell and resulting apoptotic bodies
being phagocytosed by neighboring cells (Van Cruchten & Van den Broeck 2002). This process
is an important part of animal development and homeostasis because it permits tissue sculpting,
the regulation of cell numbers, and in the case of most larvae, massive morphological changes as
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early life stages progress through development and structures are no longer needed (Domingos &
Stellar 2007). In 1972, Kerr, Wyllie, and Currie named this type of cell death „apoptosis‟ and
morphologically distinguished this active, energy-dependent process as different from the
pathological cell deaths occurring from trauma, known as necrosis. In the former, the cells
usually shrink and the organelles and plasma membrane keep their integrity while the latter form
of cell death involves an inflammatory response with swelling and rupturing of the cells and
organelles (Kerr et al. 1972).
Apoptosis has functions other than sculpting parts of the body of an organism. When a
cell is detected as being harmful to the organism because of an abnormality, such as being
nonfunctional due to injury, then these cells will also undergo apoptosis. This defensive
mechanism can be induced or suppressed by varying cytotoxic agents and therefore, the ability to
detect changes in normal apoptotic patterns is a valuable indicator of damage in organisms.
There are two generally accepted pathways for a cell to receive signals for the initiation
of apoptosis and both lead to the same terminal characteristics of a cell programmed for deletion.
The cell surface death receptor-mediated pathway, or the extrinsic pathway, plays a role in
maintaining normal homeostasis of tissues and immune system function. The other pathway, the
cytochrome c-mediated pathway, also referred to as the intrinsic pathway, is utilized by the cell
during stress-induced apoptosis (Jiang & Wang 2004). For the purposes of this review on stress
biomarkers, this will be the pathway referred to in the following paragraphs on apoptosis.
Mitochondria play a central role in this apoptotic pathway and several assays have been
developed for detecting the mitochondrial changes occurring during apoptosis. In the apoptotic
pathway, the pro-apoptotic members of the Bcl-2 family homo-oligomerize on the mitochondrial
membrane, the mitochondrial permeability transition pore opens making the inner mitochondrial
membrane permeable (Jiang & Wang 2004). This opening leads to a membrane depolarization
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and release of the cytochrome c protein. The mitochondria also release a protein called
SMAC/DIABLO which will antagonize inhibitors of apoptosis from the Bcl-2 family.
Cytochrome c will translocate to the cytosol and interact with apaf-1 and procaspase-9 forming
the apoptosome. The apoptosome will, in turn, activate caspase-9 followed by an activation of
the effector caspases (caspase-3,-6,-7) (Jiang & Wang 2004). Release of cytochrome c and
mitochondrial inner membrane depolarization are useful indicators of apoptosis (Elmore 2007).
Cytochrome c can be detected by Western blotting, as in the study on p,p'-DDE-induced
apoptosis in rat Sertoli cells (Song et al. 2008). Mitochondrial membrane potential can be
measured with fluorescent probes, such as rhodamine 123, MitoTracker, and JC-1. Rhodamine
123 and MitoTracker fluoresce as the dye accumulates in live, polarized mitochondria while
JC-1 fluoresces red when the mitochondrial membrane is polarized and green when depolarized.
The latter probe was used in a study on trout erythrocyte fractions submitted to oxidative stress
conditions, which resulted in a significant decrease in mitochondrial membrane potential in the
stressed erythrocytes (Tiano et al. 2001).
During the apoptotic pathway, the mitochondria also release another molecule called the
apoptosis-inducing factor (AIF). This protein eventually moves to the nucleus where it will
trigger chromatin condensation and DNA fragmentation (Jiang & Wang 2004). However, before
this translocation to the nucleus occurs, AIF is in the cytosol. This presence in the cytosol will
cause the externalization of phosphatidylserine from the inner leaflet to the outer leaflet of the
plasma membrane (Robertson & Orrenius 2000). Annexin V is a protein that recognizes and
binds phosphatidylserine which can be visualized by fluorescent microscopy using a conjugated
fluorescent label. Annexin V will also bind necrotic cells, so this assay must be used in
conjunction with a membrane-impermeant dye, such as propidium iodide, which will label the
necrotic cells; this permits a differentiation between the two forms of cell death (Elmore 2007).
11

Caspases are a family of proteases that widely exist in their procaspase (uncleaved) form.
Once cleaved, they can activate other procaspases, producing the protease cascade essential to
the apoptotic pathway. The major caspases that have been identified have been broadly
categorized by their role in the apoptotic signaling cascade as initiators (caspase-2,-8,-9,-10),
effectors (caspase-3,-6,-7), and inflammatory caspases (caspase-1,-4,-5) (Philchenkov 2004).
The result of the caspase activation cascade is the proteolysis of many different death substrates.
Caspase activity in apoptotic cells can be detected by a wide range of assays including
fluorescently conjugated caspase inhibitors, immunoblotting, immunoprecipitation, and
immunohistochemistry (Kaufmann et al. 2008).
One of the biochemical hallmarks of apoptosis is the cleaving of DNA into fragments by
endonucleases (Wyllie 1980). This occurs as one of the last steps in the apoptotic pathway
before the plasma membrane begins to bud off encapsulated and packaged lysosomes,
mitochondria, chromatin fragments, and other organelles (Afford & Randhawa 2000). One
frequently used technique to detect DNA fragmentation is the TUNEL (terminal
deoxynucleotidyl transferase (tdt) mediated uridine triphosphate (nick end labeling) method. In
this technique, the labeled dUTPs are enzymatically coupled to 3‟OH ends of DNA fragments,
detected by immunohistochemistry and visualized with fluorescence microscopy (Elmore 2007).
The advantage of this technique is the ability to detect individual apoptotic cells. The TUNEL
assay has been used for detecting DNA fragmentation indicative of apoptosis in a multitude of
aquatic species including zebrafish (Yabu et al. 2001), barnacle larvae (Cheng et al. 2004), sea
urchin larvae (Roccheri et al. 2002), and mussel gill tissue (Micic et al. 2001). The DNA
laddering technique has also been employed for DNA fragmentation detection, as in the study on
4-nonylphenol-induced apoptosis in the cnidarian Hydra attenuate (Pachura et al. 2005). In this
type of assay, cell lysates are injected in an agarose gel and electrophoresed at a low voltage and
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the DNA fragments form a DNA “ladder” visualized with an ethidium bromide stain. However,
a disadvantage of this method is that it does not permit the quantitative assessment of the degree
of apoptosis (Elmore 2007).
1.3.3 Stress Proteins
The induction of stress proteins has been used in laboratories as a biomonitoring tool to
detect physiological insult in aquatic organisms (Viarengo et al. 2007). The most widely
detected proteins are the heat shock proteins (hsp). They are ubiquitous in nature and are present
in constitutive and inducible isoforms.
The hsp family is a low molecular weight group referred to as molecular chaperones. As
chaperones, they recognize and bind proteins that have been denatured due to physiological
stress or have not yet been folded properly in their native conformation (Feder & Hofmann
1999). All species have hsp genes but the patterns of expression vary between species. Of the
stress-inducible hsps, a variety of stressors have been shown to result in hsp expression including
temperature extremes, cellular energy depletion, exposure to various xenobiotics, heavy metals,
free radicals, UV light, and high concentrations of osmolytes and gases (Feder & Hofmann 1999,
Mukhopadhyay et al. 2003). Because the hsp response can occur from such a wide range of
stressors, hsp induction has been widely used as a biomarker for assessing the toxic impact of
different environmental stressors in biomonitoring and environmental toxicology studies. For
example, the blue mussel Mytilus edulis experienced a strong induction of hsp70 at high
concentrations of metals and an even stronger induction occurred when the mussel was exposed
to a combination of Cu and Cd (Radlowska & Pempkowiak 2002). Other bivalves, such as
Crassostrea virginica and Ostrea edulis, produced an hsp induction in response to thermal stress,
which led the authors to conclude that tissue expression of certain isoforms of hsp70 are an early
sign of stress in the organisms (Piano et al. 2002, Encomio & Chu 2007). Sea urchins have also
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displayed this stress response. Bonaventura et al (2006) reported a dose-dependent increase in
hsp70 levels in Paracentrotus lividus embryos exposed to varying UV-B doses and the increased
hsp70 levels also corresponded with increased morphological abnormalities.
1.3.4 Metallothionein Proteins
Metallothioneins (MTs) are part of a protein family consisting of low molecular weight
proteins with high cysteine content although MT in mollusks vary by having a high glycine
content (Langston et al. 1998). These proteins have a strong binding affinity for metals, such as
Cd, Cu, Hg, Ag, and Zn, and therefore protect the organism from metal toxicity by decreasing
the availability of these metals (Langston et al. 1998) and also play a role in the antioxidant
defense system as a reactive oxygen species scavenger (Viarengo et al. 2007). Russo et al (2003)
found a dose-dependent increase in MT expression with metal exposure. In this study, levels of
MT in P. lividus embryos were significantly increased as a consequence of high sub-lethal
cadmium chloride concentrations between 6 and 12 hours of exposure even though abnormalities
were observed only after 12 hours of exposure. This finding provides evidence for the use of
MT induction as an early biomarker.
1.3.5 Oxidative Stress
Pollutants can exert toxicity on organisms by increasing cellular levels of reactive oxygen
species (ROS). This effect, termed oxidative stress, produces an imbalance between endogenous
and exogenous ROS and consequently results in decreased cell defenses (Viarengo et al. 2007).
The increases in ROS decrease the cell‟s antioxidant defense system and in turn, free radicals are
allowed to disrupt cellular functions by damaging DNA with DNA lesions, compromising the
integrity of cellular membranes by lipid peroxidation, and oxidatively modifying proteins by
protein peroxidation (Valavanidis et al. 2006). Biomarkers to detect these processes have been
developed and used in aquatic toxicity tests to determine the presence of oxidative stress in an
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organism. For example, ROS attacks can produce the DNA lesion, 8-hydroxy-2‟deoxyguanosine (8-OHdG). The concentration of this lesion was measured in the digestive
gland and mantle tissue of the mussel, Perna perna, and found to be a suitable indicator of
oxidative stress from exposure to environmental pollutants (de Almeida et al. 2003). A
commonly used biomarker of lipid peroxidation, a secondary product called malondialdehyde,
was found to increase linearly in the gills of the clam, Ruditapes decussates, from exposure to Cd
(Geret et al. 2002). The end products of lipid peroxidation, lipofuscins, have also been used as a
biomarker. These lipofuscins accumulate in lysosomes as insoluble granules which contain
autofluorescent pigments and are made up of oxidatively modified proteins and lipid degradation
products. The accumulation of these pigments in the lysosome vacuolar system was measured in
digestive gland cells of mussels and was shown to increase as the levels of membrane lipid
peroxidation increased after exposure to pollutants (Viarengo & Nott 1993).
The ROS defense system is made up of enzymatic antioxidants (such as catalase (CAT),
superoxide dismutase (SOD), and glutathione peroxidase (GPX)) and nonenzymatic antioxidants
(such as glutathione transferase (GST), vitamin E, ascorbate, B-carotene, and urate) (Valavanidis
et al. 2006). It is the change in the activities of these antioxidants that are the mechanisms
behind the processes involved in oxidative stress, and therefore the activities of these
antioxidants have also been used in laboratory studies and biomonitoring programs. Enzymatic
tests on CAT and SOD activities were used to monitor the effects of pollutants on mussels in a
study by Romeo et al. (2003). These enzyme responses are often used in association with other
biomarkers, such as lipofuscin, in biomonitoring programs because it displays a bell-shaped
trend with exposure to toxic pollutants (Viarengo et al. 2007).
While obtaining information on the activity of specific antioxidants can provide insight
into their respective responses, a test of the overall efficiency of the antioxidant system has also
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been developed. This test measures the total oxyradical scavenging capacity (TOSC) and is used
to quantify cellular resistance to particular types of ROS. For example, this method was used by
Regoli et al (2004) to measure the effect of pollution after transplanting M. galloprovincialis to
polluted areas.
The enzymes previously mentioned, CAT, SOD, and GPX, have been found in the
peroxisomes of vertebrate and mollusk cells. These cytoplasmic organelles are involved in lipid
and ROS metabolism. The proliferation of peroxisomes has been reported to be chemicallyinduced in both vertebrates and invertebrates (Cajaraville et al. 2000). Studies on fish and
mussels suggest that this increase in volume and number of peroxisomes is specific for organic
xenobiotics in fish and mussels (Viarengo et al. 2007). This biomarker can be easily assayed by
cytochemically staining catalase activity in cryostat sections and then measuring the peroxisomal
volume density (Viarengo et al. 2007).
1.3.6 Genotoxicity
There are many DNA alterations that may result from an organism‟s exposure to a
genotoxic pollutant. Evidence of this type of damage include single and double strand breakage,
DNA adducts, modified bases possibly leading to fixed mutations, DNA-DNA crosslinks, DNAprotein crosslinks, and chromatin breakage (Viarengo et al. 2007).
Three common and widely utilized tests to indicate DNA single strand breakage, DNA
double strand breakage, and chromatin breakage are the alkaline elution test, the comet assay and
the micronucleus test, respectively. There are a multitude of other techniques for investigating
DNA damage but the aforementioned assays are more often used in environmental toxicology
biomonitoring studies and/or programs.
The alkaline elution test, also called the alkaline unwinding test, is based on the rate at
which double strand DNA unwinds to single strand DNA under alkaline conditions. The single
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strand fragments will pass through a membrane filter and the rate of unwinding, which occurs at
single-strand breaks, is proportional to the amount of breaks in the DNA phosphodiester
backbone (Shugart 1995). The amount of DNA that has unwound is determined by how much
DNA is left after the alkaline unwinding takes place. Single strand breakage of M.
galloprovincialis hemolymph DNA was reported to be a useful biomarker of genotoxic
conditions in the Northern Adriatic (Vukmirovic et al. 1994).
In the comet assay, or the single cell gel electrophoresis (SCGE) assay, fluorescentlystained nuclear DNA from individual cells embedded in agarose are electrophoresed through the
gel and the broken DNA double strand fragments migrate away from the residual chromatin
nucleosomal structure. The level of DNA strand breakage is reflected by the length of the comet
tail (Viarengo et al. 2007). In a recent study, mussels were collected from various sites in the
British Isles and were assayed for several different biomarkers. Significantly higher DNA
damage, as measured by the comet assay, was seen at the most contaminated sites (Brooks et al.
2009). This technique is also commonly utilized to assess genotoxicity in sperm. For example,
sea urchin sperm showed significant DNA strand breaks from exposure to environmentally
relevant doses of UV radiation (Pruski et al. 2009).
The presence of micronuclei is indicative of clastogenic (causing chromosome breakage)
toxicant exposure. These small additional nuclei are formed when cells cannot incorporate
complete chromosomes in daughter nuclei during cell division. Micronuclei frequency in
hemolymph cells of D. polymorpha was significantly induced in comparison to controls after the
caged mussels were transplanted to monitoring sites receiving industrial effluents, concluding
that this test could be appropriate for in situ monitoring of genotoxicity with this species (Mersch
& Beauvais 1997).
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Investigating DNA adduct formation is not used as frequently in large scale
biomonitoring programs because of the complexity of the detection technique but nevertheless is
still a powerful biomarker. In the 32P-postlabeling technique, DNA is enzymatically hydrolyzed
with nuclease and phosphodiesterase to form 3‟monophosphates of all nucleosides. These
products are then 32P labeled and the labeled adducts are resolved from the labeled normal
nucleotides by anion exchange thin-layer chromatography. Adducts are detected by
autoradiography and then measured by scintillation counting (Gupta et al. 1982). Modifications
for this assay have been developed since its inception to permit more sensitive detection (Shugart
1995). Significant DNA adducts in flatfish hepatic cells were reported in an investigation of the
effects of feeding on polychaetes that had been living in PAH-contaminated sediment for 28 days
(Rice et al. 2000).
1.3.7 Cytotoxicity
Lysosomes have been reported to be a target for a large range of contaminants and thus,
their destabilization has been employed as a biomarker of pollution damage in field studies and
biomonitoring programs (Moore et al. 2006). These vesicles have a semipermeable membrane
that contains many hydrolytic enzymes needed for a range of cellular processes, such as
digestion, defense, and reproduction (Moore et al. 2006). These enzymes can leak into the
cytosol if the membrane is compromised and can then lead to further severe damage. Lysosomal
membrane instability is usually assessed by the neutral red retention time method. In this test, the
neutral red dye is sequestered in lysosomal compartments for up to 180 min in a healthy cell but
will leak out of the lysosome within 15 min of incubation if the membrane is damaged (Viarengo
et al. 2007). This method was employed in a study by Dondero et al (2006) in combination with
other biomarkers to measure the stress level of Mytilus edulis caged along a copper pollution
gradient in Norway.
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Plasma membrane integrity, also referred to as cell viability, is another useful indicator of
damage to a cell. This occurrence is typical of a necrotic cell but not an apoptotic cell, thus
enabling researchers to differentiate between the two forms of cell death. The type of assay
typically used for detecting a compromised membrane is a dye exclusion method. A vital stain,
such as trypan blue, will not cross a live, intact cell membrane and therefore the dead cells will
appear blue when visualized with light microscopy. A similar method used is a dual color test
that will simultaneously label live (membrane impermeant) and dead (membrane permeant) cells.
Typically, the live stain will label the DNA of all cells, while the dead stain will be excluded by
healthy cell membranes but will be able to traverse a damaged cell membrane. Cell viability was
assessed by both the trypan blue and dual color test (with fluorescein diacetate and ethidium
bromide) in a study assessing the toxic effects of lindane on C. gigas (Anguiano et al. 2007).
When using trypan blue, cellular viability of hemocytes was between 62 and 85% higher in
controls than in treated groups. The dual dye test had similar results with viability ranging from
64 and 80% higher in controls than in treated groups (Anguiano et al. 2007).
1.3.8 Mixed Function Oxygenases
An enzymatic system called the monooxygenase or mixed function oxygenase (MFO)
system is used for oxidative metabolism of endogenous and foreign lipophilic compounds. Of
these monooxygenases in the MFO system, the cytochrome P450 enzymes are the primary
proteins involved in this oxidative metabolism and these have been found in the majority of
animals tested to date (DiGiulio et al. 1995). They are found primarily on the membranes of the
smooth endoplasmic reticulum. Concerning aquatic species, P450 concentration and activity has
been reported to be an order of magnitude lower in invertebrates than in fish and particularly low
in mollusks with the majority of activity found in the digestive gland (Livingstone 1998).
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The P450 cycle drives the oxidation of xenobiotics with the use of the cytochrome P450
enzyme, NADPH-cytochrome P450 reductase, NADPH, and O2. During this cycle, electrons
are transferred by NADPH-cytochrome P450 reductase from NADPH to cytochrome P450 and
O2 is added to the xenobiotic producing a more soluble and less toxic compound for the
organism to excrete (DiGiulio et al. 1995). Unfortunately, sometimes the metabolite produced
from this cycle is more toxic than the original form and in this case, it is said to be activated
rather than detoxified.
As mentioned previously, endogenous as well as foreign compounds are metabolized by
the MFO system and most often by one of the P450 enzyme types. These types are grouped into
families delineated as CYP1A, CYP1B, CYP2A, etc. Of the many different types, the most
studied are the CYP1A proteins. Various aromatic xenobiotics, such as PAHs, PCBs, and
dioxins, can bind to the aryl hydrocarbon (Ah) receptor, which forms a receptor-inducer complex
and this induces transcription and translation of CYP1A enzymes. Because this induction has
been reported in a variety of species, P450 activity is a biomarker of stress used in many
biomonitoring programs (Cajaraville et al. 2000).
Historically, the most widely used P450 CYP1A1 induction detection method for
biomonitoring has been a catalytic assay to determine the level of 7-ethoxyresorufin-odeethylase (EROD) activity. EROD activity indicates the rate of CYP1A1-mediated deethylation of the substrate 7-ethoxyresorufin which will form the product resorufin. The amount
of conversion of this substrate will give a quantification of the amount of enzyme present. The
measurement is given as the concentration of resorufin per mg of protein per min (Kennedy &
Jones 1994). A study that investigated EROD activity in zebra mussels exposed to different
PCBs and pesticides reported a significant induction of EROD activity when the animals were
exposed to 100 ng/l Arochlor 1260 (Binelli et al. 2006). Other CYP detection methods include
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the immunodetection of proteins with Western blots or ELISAs and the detection of mRNA
synthesis with cDNA (DiGiulio et al. 1995).
1.3.9 Osmoregulation Stress
Animals living in an aquatic environment must maintain stable ionic concentrations in
their extracellular fluids in the presence of the changing salinity of their external environment.
These animals have adapted physiological processes to make these conditions suitable for
survival but the molecules used in these processes have the potential to be altered by exposure to
toxicants in the water. The enzymes most affected by toxicants are Na+-K+-ATPase and carbonic
anhydrase (CA) (Montserrat et al. 2007).
Na+-K+-ATPase occurs in high concentrations of salt transporting tissues, such as gills,
and acts by keeping the ionic and electrical gradients stable for transepithelial salt movement
(Monserrat et al. 2007). CA catalyzes the conversion of carbon dioxide and water into
bicarbonate and protons, and therefore is key to many physiological processes, such as
osmoregulation, gas exchange, acid base balance, and clearing waste products (Monserrat et al.
2007). Pesticides and metals, such as copper, silver, cadmium, zinc, and mercury, have been
reported to inhibit Na+-K+-ATPase and CA in various freshwater, brackish, and marine species
(Lionetto et al. 1998, Bianchini et al. 2005, Dogan 2006, Monserrat et al. 2007).
One caveat to identifying and measuring metal toxicity in the aquatic environment is
effect of water chemistry on osmoregulatory enzymes and metal bioavailability, speciation, and
uptake from solution. For this reason, the Biotic Ligand Model (BLM) has been developed as a
predictive tool to better assess metal toxicity. It does this by taking into account the local water
chemistry (e.g. pH, concentrations of cations, presence of natural organic matter) to calculate
metal speciation (Paquin et al. 2002).
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1.3.10 Gene Expression Profiling
Comparing gene expression patterns between controls and treated groups has provided
the field of ecotoxicology with a relatively new endpoint for interpreting stress responses in
populations. Exposure to toxicants causes cells to regulate their gene expression for protection
of cellular processes and repairing cellular structures (Snell et al. 2003). Identifying the patterns
of induced genes and relevant pathways that correlate with specific stressors has the potential to
be used as a very sensitive endpoint.
Stress-induced genes can be identified by various PCR methods to differentiate between
the up-regulated genes of a treated group versus the genes of the control group (Snell et al.
2003). A large pool of gene transcripts can be simultaneously quantified with microarrays. This
high-throughput and very powerful application can be used to monitor the changes in gene
expression profiles that correlate to specific contaminant exposures (Viarengo et al. 2007). For
example, gene and protein expression were profiled with a whole genome microarray to study
the effects of organophosphorus pesticide exposure on Caenorhabditis elegans (Lewis et al.
2009). Examples of genes that have been studied in animals as part of the stress response are
those involved in apoptosis (transcription factors, encoding ligands, receptors, and intracellular
modulators), protein folding (hsp isoforms), cellular redox reactions (SOD, GPX, GST),
reproduction (vitellogenin and estrogen receptors), metal detoxification, as well as a multitude of
others (Snell et al. 2003).

1.4 Conclusion
Acceptable levels of toxicants, such as pesticides and herbicides, as determined by
current regulatory testing, have resulted in adverse effects in many species. By testing for
biomarkers of stress in the more sensitive gametes, embryos, and early life stages, the potential
for determining toxicant concentrations that can cause damage or stress to an organism is greatly
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enhanced. Finding ideal biomarker detection methods in early developmental stages of aquatic
invertebrates will increase the predictability of an environmental insult with detrimental effects
at the community and population level of those species.
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CHAPTER 2

DETECTING PHYSIOLOGICAL AND PESTICIDE-INDUCED
APOPTOSIS IN EARLY DEVELOPMENTAL STAGES OF INVASIVE
BIVALVES*

*With kind permission from Springer Science + Business Media: Hydrobiologia, Detecting
physiological and pesticide-induced apoptosis in early developmental stages of invasive
bivalves, volume 628, 2009, pages 153-164, Karen D Perry, John W Lynn
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2.1 Introduction
Previous studies have established that early life stages exhibit increased sensitivity to
chemical stressors in comparison with their adult stages (Fisher et al. 1994, Pavicic et al. 1994,
His et al. 1999). Aquatic species are exposed to a large range of pesticides either released in
municipal and agricultural runoff or used to chemically control nuisance populations. As a
result, marine and freshwater invertebrate larvae are in contact with a variety of chemical
stressors in their surrounding waters and are often unable to avoid exposure causing deleterious
effects affecting both the current generation and potentially future ones. For instance, because
germ cell formation is occurring during early development, any adverse effects on these cells can
result in impaired or inhibited reproduction (Beiras & His 1995). In addition, abnormalities can
result in an increased percentage of larvae failing to reach reproductive maturity, thus producing
a net decrease in fecundity (Green et al. 1997, Shang & Wu 2004).
Biomonitoring is a common tool used for assessing damage to organisms due to
unintentional exposure to environmental stresses. An additional approach is to monitor the
effectiveness of a planned chemical control of invasive species. Pesticide concentrations that
induce damage to the early life stages could also restrict recruitment to the population. The
much higher concentrations, which are needed to control the adult populations, could be avoided
so that potential impacts to sentinel species and surrounding water could be reduced.
One way to monitor these stresses is to detect sub-lethal effects, such as apoptosis, in the
early, most sensitive stages since they are the most likely to initially experience adverse changes
at the cellular and organismal level (Green et al. 1997). Apoptosis, or programmed cell death, is
required for an embryo to transition into morphologically destined consecutive life stages and for
normal differentiation of tissues (Jacobson et al. 1997). However, under stressful conditions this
process is also used by a cell to regulate the threshold at which the cell becomes irreparable and
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thus begins to shut down, ultimately fixing its fate as degradation (Van Cruchten & Van den
Broeck 2002).
Apoptosis is a highly regulated stepwise progression that leads to an efficient dismantling
of the cell. An apoptotic cell is marked by a series of morphological changes. The cell shrinks,
the chromatin becomes condensed, followed by the separation of the nuclear material into
discrete masses, and eventually the cell becomes divided into several membrane-bound vesicles,
which are phagocytosed. DNA fragmentation occurs as one of the last steps in the pathway, and
this characteristic is often used to identify an apoptotic cell (Van Cruchten & Van den Broeck
2002). One of the hallmark assays for detecting DNA fragmentation is the TUNEL assay. The
TUNEL (tdt-mediated dUTP nick-end labeling) technique labels the free fragmented ends of the
DNA which can then be detected by immunohistochemistry and visualized by fluorescence
microscopy (Elmore 2007). These endonucleosomal DNA fragments have also been detected by
the less sensitive DNA laddering technique which involves extracting DNA from a lysed cell
homogenate followed by agarose gel electrophoresis. Other common biomarkers of apoptosis
are the caspases, a family of cysteine proteases which activate and cleave specific substrates in
the apoptosis pathway. These enzymes can be detected with various types of caspase activity
assays, such as immunoblotting, affinity labeling, cleavage of synthetic substrates, and
immunohistochemistry (Kohler et al. 2002). Other biomarkers include the transfer of
phosphatidylserine to the outer cellular membrane, mitochondrial membrane depolarization, and
cytochrome c release from the mitochondria (Elmore 2007).
Stress-induced apoptosis can provide a biomarker for monitoring sub-lethal effects from
exposure to environmental stressors (Busch et al. 2004, Lyons et al. 2004). Increased or induced
apoptotic events have been reported in a wide range of aquatic species including Mytilus
galloprovincialis exposed to tributlytin (Micic et al. 2001) and copper (Steinert 1996); zebrafish
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embryos exposed to heat, UV, γ-irradiation (Yabu et al. 2001), and aquatic hypoxia (Shang &
Wu 2004); barnacle larvae exposed to cadmium (Cheng et al. 2004); and Bufo arenarum
tadpoles treated with cypermethrin (Casco et al. 2006). This study is focused on detecting
apoptotic cells in the embryonic and early larval stages of two invasive bivalves, the
Mediterranean mussel (Mytilus galloprovincialis) (Lamarck) and the zebra mussel (Dreissena
polymorpha) (Pallas) using the TUNEL assay as a terminal indicator. The selected test species
all exhibit broadcast spawning with external fertilization and therefore, are directly exposed to
any chemical in their habitat at all life stages, including the most sensitive early stages. Early
developmental stages easily recognized in bivalves are comprised of: cleavage (early and late),
ciliated blastula, trochophore, and D-shell (Appendix A, Fig. A.1).
In addition to assaying for naturally occurring physiological apoptosis, these early life
stages were exposed to a molluscicide, Bayluscide, for detection of pesticide-induced changes in
apoptosis. Bayluscide has been used worldwide to control nuisance species, such as aquatic
snails that are intermediate hosts for schistosomiasis and fascioliasis in developing countries
(WHO 1998, Xianyi et al. 2005). Niclosamide, the active ingredient of Bayluscide, is
recommended by the World Health Organization (WHO) for large scale schistomiasis control
programs. A 10-year World Bank Loan Project to control schistosomiasis in China utilized
niclosamide at a concentration of 2.0 mg/l annually in areas where infected snails were found,
and consequentially, the densities of infected snails decreased by more than 75% in all endemic
areas by the end of the project which met all the original project objectives (Xianyi et al. 2005).
U.S. Fish and Wildlife have also applied Bayluscide as an additive to TFM (3-trifluoromethyl-4nitrophenol) as part of a successful chemical control strategy against sea lampreys in the Great
Lakes (Dawson 2003). According to the review by Andrews et al (1983) and the World Health
Organization (1998), Bayluscide is toxic due to its effects on cellular respiration. This
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molluscicide is being hypothesized as a suitable candidate for chemical control of invasive
bivalve mollusks.

2.2 Materials and Methods
2.2.1 Animals
Adult M. galloprovincialis were obtained from Penn Cove Shellfish Inc. (Penn Cove,
WA). All the experiments were carried out in 32 ± 1‰ artificial seawater (ASW) (Instant
Ocean, Aquariums, Inc., Mentor, Ohio) at 22 ± 1°C and spawning was induced by thermal
stimulation.
Adult D. polymorpha were obtained from the Huron River, Ann Arbor, MI. All the
experiments were carried out in artificial pondwater (APW) containing: 0.10 mM KCl, 0.7 mM
MgSO4, 0.8 mM NaHCO3, and 0.6 mM CaCl2 at 22 ± 1°C and spawning was induced by a 12min 0.2 mM serotonin (5-hydroxytryptamine) bath followed by 2 APW rinses (Misamore &
Lynn 2000).
Sperm were collected within 30 min of initial spawning for each species. Sperm and
eggs were selected for use if there was > 50% sperm motility and eggs were round with no
germinal vesicles present.
For each species, gametes were collected and fertilized ex situ. A minimum of three
females and two males were used for each pool of gametes. Within 30 min of fertilization,
embryos were aliquoted into 6-well plates with each well containing 4,000 eggs in a total volume
of 10 ml.
2.2.2 Test Chemical
Bayluscide® wettable powder (aka, Bayer 73®, niclosamide; EPA Reg. No. 6704-87)
exposures used 72.9% active 5-Chloro-N-2-chloro-4nitrophenyl-2hydroxybenzamide compound
with 2-aminoethanol (1:1) (Bayer Cropscience, Monheim, Germany) made in ASW or APW by
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25% serial dilution. The nominal test concentrations used were 0.1, 0.2, 1.0, 3.9, 15.6, 62.5, 250
μg/l. Actual concentrations were measured at the start and end of all exposures using a high
performance liquid chromatography (HPLC) technique by Dawson (1982) (Appendix C).
2.2.3 Physiological Apoptosis
Physiological apoptotic values in early developmental stages were determined for each
species by sampling a representative 2 ml from each well of a 6-well plate (approximately 800
larvae) every 4 h for the initial 24 h post-fertilization.
2.2.4 Pesticide-induced Apoptosis
The stress-induced apoptosis studies were conducted in two groups. In the first group,
dosing occurred 30 min post-fertilization and samples were taken at 4 h and at 24 h post-initial
dosing. In the second group, untreated larvae 24 h post-fertilization (hpf) were treated for 4 or
24 h with samples taken at 24 and 48 hpf, respectively. In D. polymorpha experiments, pulse
exposures were also run to assess the larvae‟s ability to recover from the stress. Dosing for the
pulse exposure in the first group occurred after fertilization and persisted for 4 h, and in the
second group, dosing of untreated larvae occurred at 24 hpf and persisted for 4 h. After each 4-h
exposure, the pesticide was washed out of the wells, replaced with APW, and the larvae were
sampled 20 h after the wash. Sampling for all the exposures was accomplished by retrieving a
representative 2 ml sample from each 10-ml well. The experimental exposures were not
conducted on later stages because facilities for rearing the larvae were not available.
2.2.5 Assays
The APO-BrdU™ TUNEL Assay (#A-23210, Molecular Probes, Eugene, Oregon) was
used to detect DNA fragmentation in apoptotic cells. As a cell‟s DNA becomes fragmented, the
3‟-hydroxyl ends are exposed. Terminal deoxynucleotidyl transferase (TdT) can then couple the
deoxythymidine analog 5-bromo-2‟-deoxyuridine 5‟-triphosphate (BrdUTP) to label the break
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sites. After being incorporated into the DNA, Alexa Fluor® 488 conjugated to an anti-BrdU
antibody (A-23210, Molecular Probes, Eugene, Oregon) binds BrdU and is visualized as green
fluorescence in the nucleus. The samples were fixed in 1% paraformaldehyde (#15700, Electron
Microscopy Sciences, Hatfield, PA), on ice for 15 min, washed in ASW twice, and then stored in
70% ethanol at -20C overnight. The remaining procedures followed the Molecular Probes
(Eugene, Oregon) protocol. Before placing the samples on slides, Hoescht 33342 (#B2261,
Sigma-Aldrich, St. Louis, MO) was added to each sample for nuclear co-localization to ensure
that BrdU labeling was constrained to the nucleus. Apoptotic cells were scored based on
presence of green nuclear fluorescence and concurrent morphological characteristics of an
apoptotic cell, such as chromatin condensation, cellular shrinkage, and plasma membrane
budding. The apoptotic cell counting was done manually by one operator using a Nikon optiphot
epi-fluorescence microscope equipped with a standard FITC dichroic cube. Scoring was
categorized as the number of nuclei in each embryo that fluoresced. At the time of collection,
the overall viability of the samples was assessed by a visual inspection of gross morphology of
cleavage stages or abundance of swimming larvae.
2.2.6 Statistical Analysis
Results of the Apo-BrdU™ TUNEL assay were quantified as an apoptotic value. The
apoptotic value was calculated as the number of apoptotic cells observed in 100 embryos per
Bayluscide concentration in M. galloprovincialis experiments and in four replicates of 25
embryos per concentration in each trial for all other experiments. In the latter case, the apoptotic
value is reported as the mean of the replicated 25 embryos counts. This modification was
validated with the Cell Death Detection ELISA (#11544675001, Roche Applied Science,
Manheim, Germany) (unpublished data). The mean apoptotic values of each experiment
performed in triplicate for each treatment and time point were analyzed for differences using
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one-way ANOVA with significant differences at P<0.01 and pairwise comparisons analyzed by
the Holms-Sidak method (SigmaStat). If normality or equal variance assumptions were violated,
the non-parametric Kruskal-Wallis one-way ANOVA was used to detect differences between
treatments with significant differences at P<0.01 and pairwise comparisons were analyzed by the
Tukey Test (SigmaStat). Apoptotic values from the M. galloprovincialis Bayluscide results were
compared with LC50 values generated from Millward et al. (2007).

2.3 Results
2.3.1 Physiological Apoptotic Values


M. galloprovincialis
For comparative purposes, physiological apoptotic values in the initial 24 hpf were

quantified using the TUNEL assay. Apoptosis was observed at 4 hpf, corresponding to the early
cleavage stage of development in M. galloprovincialis. There was a significant increase in
apoptotic value occurring between 4 and 12 hpf with a peak apoptotic value observed at 12 hpf.
Although there was a small apoptotic value decrease at the later time points (16, 20, and 24 h),
significant differences were found among several 4-h intervals (Fig. 2.1A).


D. polymorpha
Physiological apoptotic values in D. polymorpha early stages were significantly different

among 4-h intervals. During cleavage stages (4 and 8 hpf), D. polymorpha had no detectable
apoptotic cells using the TUNEL assay but a significant increase in apoptotic cells at the ciliated
blastula stage (16 hpf) was observed. Also, during later stages of development (20 and 24 hpf),
there was a decrease in apoptotic value (Fig. 2.1B). The absence of apoptotic cells in earlier
stages of D. polymorpha was in sharp contrast to the apoptotic value in the same stages of M.
galloprovincialis.
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Fig. 2.1. Mean physiological apoptotic values per 25 embryos assayed at 4-h intervals beginning
at fertilization in (A) M. galloprovincialis embryos and (B) D. polymorpha embryos. Error bars
represent standard error from the mean. Different letters above bars indicate significant pairwise
comparisons (P<0.01).

2.3.2 Pesticide-induced Apoptotic Values


M. galloprovincialis
For Bayluscide exposures, the apoptotic values in the 4-h exposure of M.

galloprovincialis early cleavage stage embryos were found overall to be significantly different
between treatments. The peak apoptotic value at 3.9 µg/l was significantly greater than the
control and 0.1 μg/l treatments as well as the higher concentrations of 15.6, 62.5 and 250 μg/l
(Figs. 2.2A, 2.3A, 2.3B). This peak was not much larger than the apoptotic value seen in the
controls, but it did indicate there was a small induction of apoptosis from exposure to the
pesticide. The high Bayluscide concentrations produced a significantly smaller apoptotic value
indicating that as the stress level increases in these early cleavage stage embryos, there is a
threshold at which apoptosis is no longer used for a defensive mechanism to remove damaged
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Fig. 2.2. Mean pesticide-induced apoptotic values per 100 embryos assayed in
M. galloprovincialis. Exposures are as follows: (A) 4-h exposure initiated at 30 min postfertilization, (B) 24-h exposure initiated at 30 min post-fertilization, (C) 4-h exposure initiated at
24 hpf, and (D) 24-h exposure initiated at 24 hpf. Error bars represent standard error from the
mean. Different letters above bars indicate significant pairwise comparisons (P<0.01).
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Fig. 2.3. Phase micrograph A.) accompanied by fluorescent micrograph (B) showing two early
cleavage stage M. galloprovincialis embryos treated with 62.5 μg/l Bayluscide for 4 h.
Fluorescent micrograph (C) of a M. galloprovincialis D-shell larva treated with 15.6 μg/l
Bayluscide for 24 h. Fluorescence indicates positive BrdU binding. Scale bar represents 50 μm
for all micrographs.

cells from the embryo. In contrast, the 24-h exposure beginning at early cleavage stage resulted
in similar apoptotic values as the control in the 0.1, 0.2, 1.0, and 3.9 μg/l treatments but had
significantly fewer apoptotic cells in the higher concentrations (15.6, 62.5 and 250 μg/l). It is
notable that a precipitous drop in apoptotic value was seen in the 62.5 and 250 μg/l treatments
(Fig. 2.2B). These results suggest that once the embryo has developed through the cleavage,
blastula, and early trochophore stages, exposure to this pesticide does not significantly increase
apoptosis but will eventually cause a cessation of apoptosis when the stress becomes too large to
effectively combat. Qualitative examination at these higher concentrations revealed deformed
stages and eventually amorphic cell masses
A similar phenomenon was observed in the 4-h exposure of the 24 hpf larvae in which
the concentrations with the highest apoptotic values (0.1 and 0.2 µg/l) were only slightly higher
than apoptotic value in the control, 1.0, 3.9, and 15.6 μg/l concentrations but were significantly
greater than the 62.5 and 250 μg/l concentrations (Fig. 2.2C). There was a peak apoptotic value
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at 1.0 µg/l for later stage larvae when 24 hpf larvae (trochophore stage) experienced a 24-h
exposure. In this exposure, the highest apoptotic values (1.0 and 3.9 μg/l) were significantly
greater than the apoptotic value at all higher concentrations (Figs. 2.2D, 2.3C). These results
indicate that a longer 24-h exposure of the 24 hpf larvae (D-shell stage) will induce a significant
increase in apoptotic cell number in the 1.0 μg/l concentration compared to a 4-h exposure where
apoptotic values in all treatments were less than controls.


D. polymorpha
Embryos of D. polymorpha dosed with Bayluscide at 30 min post-fertilization and

exposed for 4 h exhibited no significant stress-induced apoptosis between treatment
concentrations (Fig. 2.4A). In contrast, the 4-h pulsed treatment in which the sample was taken
after a 20-h recovery time, showed that stress-induced apoptosis peaked at the 1.0 µg/l pesticide
concentration and was significantly greater than the control, 62.5, and 250 μg/l concentrations
(Figs. 2.4C, 2.5A. 2.5B). The 24-h exposure, which was sampled at the same time as the pulsed
exposure (24 hpf), also had a peak apoptotic value at the 1.0 µg/l concentration and was
significantly greater than all higher concentrations, the control, and 0.1 μg/l concentration (Fig.
2.4D).
There appeared to be very little effect on apoptotic cell numbers after a 4-h exposure of
the 24 hpf zebra mussel larvae corresponding to the trochophore stage (Fig. 2.4B). However, the
similar 4-h pulsed exposure of the 24 hpf larvae which were allowed to develop without the
pesticide for the remaining 20 h and then sampled at 48 hpf, showed an increasing apoptotic
value occurring in the lower concentrations with a peak at 3.9 μg/l and significantly more
apoptotic cells than the 62.5 and 250 μg/l treatments (Fig. 2.4E). Apoptotic values from all of
these treatments were significantly higher than the highest concentrations tested. Interestingly, a
longer 24-h exposure also resulted in a peak apoptotic value at 3.9 μg/l followed by a significant
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Fig. 2.4. Mean pesticide-induced apoptotic values per 25 embryos assayed in D. polymorpha.
Exposures are as follows: (A) 4-h exposure initiated at 30 min post-fertilization, (B) 4-h
exposure initiated at 24 hpf, (C) 4-h pulse exposure initiated at 30 min post-fertilization then
sampled at 24 hpf, (D) 24-h exposure initiated at 30 min post-fertilization, (E) 4-h pulse
exposure initiated at 24 hpf then sampled at 48 hpf, (F) 24-h exposure initiated at 24 hpf. Error
bars represent standard error from the mean. Different letters above the bars indicate significant
pairwise comparisons (P < 0.01).
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Fig. 2.5. Phase micrograph (A) accompanied by a fluorescent micrograph (B) showing
D. polymorpha ciliated blastula/trochophore transition larva treated with 1.0 μg/l Bayluscide® for
a 4-h pulse exposure beginning at 30 min post-fertilization then sampled at 24 hpf. Fluorescence
indicates positive BrdU binding. Scale bar represents 50 μm for both micrographs.

decrease in higher concentrations and these larvae were largely in the D-shell stage at the
termination of the exposure (Fig. 2.4F).

2.4 Discussion
2.4.1 Physiological Apoptotic Values
Embryogenesis in bivalves is generally considered to be mosaic determinative meaning
that each blastomere in the early cleavage stage has been specified with a certain fate (Kume &
Dan 1968). Early studies have established that the loss of a single blastomere at this stage will
result in abnormal development (Kume & Dan 1968). This would suggest that loss of any
blastomere due to stress or damage might result in an abnormal developmental pattern.
It has been reported that apoptosis does not occur during the cleavage stage of embryos
exhibiting rapid rates of cleavage based on studies including the sea urchin (Vega & Epel 2004,
Thurber & Epel 2007), Drosophila (Abrams et al. 1993), Xenopus (Hensey & Gauthier 1998)
and zebrafish (Ikegami et al. 1997). Epel (2003) states that embryos of these organisms do not
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undergo apoptosis until the mid-blastula transition in addition to a lack of mitotic checkpoints
and the incapability of inducing a heat shock response prior to that stage.
In our studies, while both bivalves tested developed at approximately the same rate,
apoptosis in the early cleavage stage (assayed at 4 and 8 hpf) was only detected in M.
galloprovincialis embryos. No detectable DNA fragmentation was seen in the cleavage stages of
D. polymorpha. There was a significant increase in apoptotic cells in both species during the
ciliated blastula/trochophore transition (12–16 hpf) in normal culture conditions. M.
galloprovincialis trochophores had physiological apoptotic values only slightly smaller than the
peak at 12 and 16 hpf, while the apoptotic value was greatly reduced in the 24 hpf of D.
polymorpha larvae compared to the peak apoptotic value at 16 hpf.
Interestingly, the D. polymorpha physiological apoptotic value results from the present
study are consistent with Epel‟s (2003) findings but the closely related M. galloprovincialis
exhibited apoptotic value results that are in contrast. Both of these mussels undergo similarly
rapid cleavage rates and develop in a mosaic determinative pattern. While D. polymorpha may
have acquired the specific adaptations that other organisms use to minimize DNA damage
without the use of apoptosis in the early stages until the mid-blastula transition, M.
galloprovincialis apparently has not. These alternate adaptations include using efflux
transporters to keep toxicants out of the cell, having UV-absorbing chemicals in the embryonic
cells and possessing high concentrations of antioxidants to combat free radicals (Epel 2003).
2.4.2 Pesticide-induced Apoptotic Values


M. galloprovincialis
The exposures that occurred at the time when trochophore larvae are the dominate stage

(the 24-h exposure beginning at 30 min post-fertilization and the 4-h exposure of 24 hpf larvae)
showed similar apoptotic value trends with increasing Bayluscide concentrations. These
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exposures to Bayluscide appeared to have little effect on increasing or decreasing the apoptotic
cell numbers until the larvae were treated with the highest dosage. The larvae had developed to
the D-shell stage in the 24-h exposure of 24 hpf larvae and significant stress-induced apoptosis
was observed in the 1.0 μg/l treatment. Interestingly, the peak apoptotic value occurred at a
higher concentration of 3.9 μg/l while the larvae were in the cleavage stage. In agreement,
Millward et al. (2007) reported an LC50 for the Bayluscide exposures of 24 hpf M.
galloprovincialis larvae lower than that of the 24-h exposure beginning at 30 min postfertilization. These results could indicate that the D-shell larvae, which predominate at 48 hpf,
are affected by exposure to Bayluscide in a different manner and are possibly more sensitive than
the larval stages occurring in the first 24 hpf.


D. polymorpha
In early cleavage stages in the zebra mussel apoptosis was conspicuously absent or

reduced with only a few apoptotic cells seen in the high concentrations of the 4-h exposure of
early embryos. A longer 24-h exposure to 1.0 μg/l Bayluscide produced a significantly large
apoptotic value increase and a reduction in apoptotic value at higher Bayluscide concentrations.
In the 4-h pulsed exposure of cleavage stages, the embryos were exposed to Bayluscide during
the same period as the previously mentioned 4-h exposure, but were then allowed to develop out
to 24 hpf in the absence of the pesticide. In spite of the identical time and length of exposure in
these experiments, a significant increase in apoptotic value was only detected in the 1.0 μg/l
concentration of the 4-h pulsed exposure. This may indicate that even though stress-induced
apoptosis is not measurable with the TUNEL assay in cleavage stages of D. polymorpha, an
exposure during only that stage can produce apoptotic cells in subsequent stages. Some studies
have reported a developmental stage-specific factor in sea urchin stress-induced apoptosis in
which the early cleavage stage does not respond to stress by apoptosis but the early blastula
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hatching stage does (Vega & Epel 2004, Thurber & Epel 2007). Given that our findings of the
D. polymorpha physiological apoptosis assay are consistent with those of the sea urchin, it is
probable that the stress-induced apoptotic patterns would be similar to the sea urchin as well.
The later stage larvae did appear to use apoptosis as a stress response in contrast to the
early cleavage stages and therefore could be adapted by researchers to monitor stress in the
environment at those later stages. The peak apoptotic value occurred at a higher concentration
for the D-shell larvae (3.9 μg/l) than for the early trochophore larvae (1.0 μg/l). This suggests
that as D. polymorpha develop to 48 hpf, the later stages are more resistant to the stress of an
exposure to Bayluscide. Interestingly, the M. galloprovincialis later stage larvae appeared to be
more sensitive to Bayluscide thus suggesting different toxic mechanisms occurring between the
two species.
While both the 24-h and 4-h pulse exposures resulted in a peak apoptotic value at 3.9 μg/l
that was significantly larger than the apoptotic value at 62.5 and 250 μg/l, there was a significant
decrease at 15.6 μg/l only in the 24-h exposure compared to a moderate decrease in the 4-h pulse
exposure. Based on these findings, it could be concluded that a control strategy would have to
be modified according to the length of exposure during the trochophore and D-shell stages. For
example, 62.5 μg/l would be required to significantly affect apoptotic cell numbers in a 4-h
exposure but a lower 15.6 μg/l treatment could be used for the same effect if the exposure were
increased to 24-h.
2.4.3 Using the TUNEL Assay and Apoptotic Value Results
The TUNEL assay has been one of the hallmark assays used to detect apoptotic cells, yet
there are several disadvantages that could make this assay unsuitable for the fast, high
throughput analysis needed in field testing and regulatory screening of chemicals. For example,
the protocol for this assay, in addition to the subsequent scoring of fluorescent cell numbers, was
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a time-consuming process. Also, as the embryos progressed further in their developmental
stages, the cell number increases as well as the increased complexity of the three-dimensional
embryological structures. Hence, it becomes more difficult to discern the exact number of cells
fluorescing when there are large numbers of fluorescing cells above, below, and in close
proximity to a given cell. For these reasons, the apoptotic values would be most reliable when
the scoring is done by the same person and in earlier stages. Some studies have also reported the
possibility that the TUNEL assay labels necrotic cells as well as apoptotic cells (Frankfurt &
Krishan 2001, Didenko et al. 2003). In this study, fluorescently labeled cells were
simultaneously assessed for morphological characteristics of an apoptotic cell, such as cell
shrinkage, chromatin condensation, and membrane budding, in order to verify the correct
labeling of apoptosis. Since there is some concern over the possibility of false positives, the
person who is scoring these cells would need to be trained to identify morphological
characteristics of a cell undergoing apoptosis. Other assays for detecting apoptosis are available
and should be investigated to find the best suited one for the intended application. For example,
studies have used assays for detecting caspase activity to indicate apoptotic events (Yabu et al.
2001). Yet, these might not always be appropriate for all the species, as evidenced in the study
by Sokolova et al. (2004), in which the immune cells of an oyster species were reported to
undergo a mitochondria/caspase-independent apoptotic pathway when exposed to cadmium.
In addition to its importance in the developing embryo as a sculpting mechanism,
apoptosis can also be a defensive mechanism utilized by an organism to remove damaged cells in
an attempt to protect itself from accumulating aberrant cells and tissues that may have toxic side
effects. To assess the impact on the survival of the organism, it may be more important to
investigate at which concentration apoptosis can no longer be used by the organism in order to
protect itself from the damaged cells rather than the concentration at which apoptosis is increased
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in comparison with the controls. It is at this point that undertaking this energy expensive yet
protective measure is no longer an option because the total amount of damage is too extensive to
repair. After discerning the pesticide concentration range required to cause this shift from
increasing to inhibiting apoptosis, these concentrations should then be further tested in long-term
studies for their effects on reproduction and survival.
2.4.4 Implications for Chemical Control of Invasive Bivalves
In general, invasive species have considerable economic and ecological impacts (Tibbetts
1997, Bossenbroek et al. 2007, Stokstad 2007). The prolific zebra mussel and quagga mussel
have disrupted ecosystems in many areas of the United States including the Great Lakes, Canada,
the Mississippi River down to the Gulf of Mexico, and most recently the Colorado River
(Stokstad 2007). M. galloprovincialis has colonized the West Coast of North America, Hawaii,
East Asia, South Africa, and Australia after being transported from their native waters of the
Mediterranean Sea (Branch & Steffani 2004). One of the effects on community structure from
these invasions has been the elimination of indigenous species (Branch & Steffani 2004).
Control measures for aquatic invasive species, such as bivalve mollusks, are often
dependent on chemical treatments (Sprecher & Getsinger 2000). Traditionally, chemical control
strategies for invasive aquatic species have been determined using indices of acute mortality.
However, such lethality endpoints may be overly conservative estimates of control, since
chemicals may significantly compromise organisms at the cellular level, leading to eventual
mortality or suspension of development, without causing overt mortality. One approach for
effective controls and reducing potential environmental impacts in aquatic habitats is to detect
sub-lethal concentrations that may impair recruitment to the population and the continuation of
the life cycle (Waller et al. 1993). By determining the lowest effective concentration in early

49

stages of invasive species, chemical doses of a pesticide, such as Bayluscide, can be reduced
thereby protecting sentinel species from the lethal concentrations required to control adults.

2.5 Conclusion
In summary, using biomarkers of stress to monitor disturbances in organisms can offer
alternative approaches to chemical control of bivalves exhibiting external fertilization and
planktotrophic larvae. Detecting changes in apoptotic patterns in these early developmental
stages can give insight into the lowest concentrations required to disrupt successful development
of the targeted species while concurrently reducing the potential for environmental impacts.
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CHAPTER 3

ELISA DETECTION OF APOPTOSIS AND WESTERN BLOT
DETECTION OF HSP70 EXPRESSION AS BIOMARKERS OF STRESS
AFTER PESTICIDE EXPOSURE IN OYSTER, MUSSEL, AND SEA
URCHIN EARLY LIFE STAGES
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3.1 Introduction
Gametes, embryos, and larvae often have greater sensitivity to stressors than their adult
cohorts and thus represent critical stages for testing toxicity (Giesy & Graney 1989, Beiras & His
1995, His et al. 1999). Many aquatic invertebrates broadcast spawn their gametes directly into
the water followed by external fertilization and development, making them uniquely susceptible
to the effects of water contamination (Hamdoun & Epel 2007).
Due to the increased development of urban and industrial activities, the number of
chemicals discharged into the environment has steadily increased in past decades, and therefore,
much emphasis has been placed on finding reliable, reproducible biomarkers of stress in
organisms to be used in toxicity testing and biomonitoring programs. Biomarkers detected at the
cellular level provide an early warning signal of physiological insult that could lead to
irreversible damage to the organism and further implications at the community or population
level (Cajaraville et al. 2000). Biomarkers of stress, such as apoptosis and stress protein
induction, have been used as biomonitoring tools in aquatic organisms (Feder & Hofmann 1999,
Lotufo et al. 2001, Pachura et al. 2005).
Heat shock proteins (hsp), also referred to as stress proteins, function as molecular
chaperones. They recognize and bind proteins that are denatured due to environmental stress or
because they are in the process of being synthesized, folded, assembled, or localized to the
correct cellular compartment (Feder & Hofmann 1999). Hsps are highly conserved and have
been found in all species in which these proteins have been investigated. They are classified
based on their respective molecular masses and functional characteristics: hsp100 family (100104 kDa), hsp90 family (82-90 kDa), hsp70 family (66-78 kDa), and hsp60 family (58-65 kDa)
(Mukhopadhyay et al. 2003).
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The hsp70 family is one of the most widely studied and conserved families. Under stress
conditions, such as extreme temperature, cellular energy depletion, exposure to xenobiotics,
heavy metals, free radicals, and UV radiation, overexpression of hsp70 increases the cell‟s ability
to handle an increased amount of unfolded or denatured proteins (Feder & Hofmann 1999,
Mukhopadhyay et al. 2003). This occurrence has been well documented in a variety of studies
including UV-B exposure in sea urchin embryos (Bonaventura et al. 2005, Bonaventura et al.
2006), heavy metal exposure in mussels (Radlowska & Pempkowiak 2002), heat exposure in sea
urchin embryos (Giudice et al. 1999), oysters (Piano et al. 2002), Xenopus laevis embryos (Lang
et al. 2000), and horseshoe crab embryos and larvae (Botton et al. 2006). Due to the response
elicited by a large range of stressors, expression of hsp70 has been utilized as a biomarker for
environmental monitoring (Mukhopadhyay et al. 2003).
Apoptosis, or programmed cell death, is the pathway used by a cell to systematically shut
down and irreversibly fix its fate as degradation (Van Cruchten & Van den Broeck 2002). There
are different reasons why a cell is triggered to undergo this pathway. As developmental stages
progress, apoptosis is used as a sculpting mechanism to alter morphology and delete unwanted
structures as part of the normal course of development (Jacobson et al. 1997). Apoptosis is also
used as a defensive mechanism to eliminate cells that are harmful and/or damaged (Robertson &
Orrenius 2000). This damage can be a result of exposure to a variety of stressors, such as
herbicides (Liu et al. 2006), insecticides (Casco et al. 2006), and heavy metals (Cheng et al.
2004, Sokolova et al. 2004).
Apoptotic cells can be identified using different methods that rely on detecting
characteristics of the many steps in the apoptotic pathway. Examples of these methods include
the externalization of phosphotidylserine on the outer membrane detected with the fluorescent
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dye Annexin V, caspase activation detected with fluorescently-conjugated inhibitors or
immunohistochemistry, and DNA fragmentation detected with the TUNEL assay (Elmore 2007).
The aim of this work was to investigate the detection of stress-induced apoptosis and
hsp70 expression in early developmental stages of oyster, mussel, and sea urchins consequent to
exposures to a niclosamide pesticide (Bayluscide®) and a glyphosate herbicide (Roundup Weed
& Grass Killer Ready-To-Use Plus®). Bayluscide is a molluscicide used for control of aquatic
snails that spread schistosomiasis (WHO 1998) and had been proposed for control of invasive
bivalves (Perry & Lynn 2009). Roundup is a glyphosate herbicide widely used for domestic and
agricultural control of plants (Tsui & Chu 2003). The apoptotic values were measured with an
ELISA for detection of DNA fragmentation in the cells. The hsp70 expression levels, as
measured by immunoblotting, were densitometrically analyzed. These biomarkers were
measured in early post-fertilization embryos and early larval stages following a 4-h and 24-h
exposure to each pesticide independently.

3.2 Materials and Methods
3.2.1 Test Chemicals
Bayluscide® wettable powder (aka, Bayer 73, niclosamide; EPA Reg. No. 6704-87)
exposures used 72.9% active 5-chloro-N-2-chloro-4nitrophenyl-2hydroxybenzamide compound
with 2-aminoethanol (1:1) (Bayer Cropscience, Monheim, Germany) made in artificial seawater
(ASW) or artificial pondwater (APW) by 25% serial dilution; the nominal test concentrations
used were 0.2, 1, 3.9, 15.6, 62.5, and 250 μg/l.
Roundup Weed & Grass Killer Ready-To-Use Plus® (EPA Reg. No. 71995-33) exposures
used 2% isopropylamine salt of glyphosate, 2% pelargonic and related fatty acids, 96% inactive
ingredients (Monsanto, Saint Louis, MO, USA). Concentrations of the commercial formulation
were calculated based on the respective concentration of the active ingredient as provided by the
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manufacturer (2% isopropylamine salt of glyphosate). Each treatment was diluted from a single
highly concentrated stock solution, which was freshly prepared by direct dilution of the
commercial formulation in ASW or APW. A 25% serial dilution was used to achieve nominal
test concentrations of 0.25, 1, 4, 16 mg/l made in either ASW or APW.
3.2.2 Experimental Design
Adult oysters (Crassostrea virginica) were obtained from Caminada Bay, Grand Isle, LA
and gametes were collected with the dry-stripping method (Allen & Bushek 1992). Adult zebra
mussels (Dreissena polymorpha) were obtained from the Huron River, Ann Arbor, MI and
spawning was induced by a 12-min 0.2 mM serotonin (5-hydroxytryptamine) bath followed by
two APW rinses (Misamore & Lynn 2000). Adult sea urchins (Lytechinus variegatus) were
collected from St. Joseph Bay, FL, and spawning was induced by introduction of 0.55M KCl into
the coelomic cavity. Sperm were collected within 30 min of initial spawning for each species.
Sperm and egg viability were assessed under a microscope for greater than 50% sperm motility
and egg roundness prior to use. Gametes were pooled prior to fertilization.
C. virginica experiments were carried out in 25 ± 1‰ ASW (Instant Ocean, Aquariums,
Inc., Mentor, Ohio). D. polymorpha experiments were in APW containing: 0.10 mM KCl, 0.7
mM MgSO4, 0.8 mM NaHCO3, and 0.6 mM CaCl2. L. variegatus experiments were carried out
in 32 ± 1‰ ASW (Instant Ocean, Aquariums, Inc., Mentor, Ohio). The temperature of the
experiments for all species was 22 ± 1°C.
For each species, gametes were collected and fertilized ex situ. Three females and two
males were used for each pool of gametes. Eggs were selected based on roundness with no
germinal vesicles present. Sperm were selected if >50% motility. Within 30 min of fertilization,
aliquots of 15,000 eggs were placed in 100 ml beakers containing the designated pesticide
concentration with a total volume of 40 ml in C. virginica and D. polymorpha experiments and
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100 ml in L. variegatus experiments. The larger volume used in the L. variegatus experiments
were to account for the larger size eggs in this species. There was one beaker designated for the
ELISA sampling and one beaker designated for the hsp70 expression sampling for each
treatment in each exposure period. Experiments were performed in triplicate.
There were six exposure regimes in each experiment. Experiments were carried out on
each test species exposed to each pesticide independently. The exposure regimes were a 4-h
exposure, a 4-h pulse exposure in which the pesticide was washed out and then embryos were
allowed to develop an additional 20 h in the absence of the pesticide, and a 24-h exposure.
These exposure times were initiated at 30 min post-fertilization and 24 hpf (hours postfertilization). Samples were taken at the end of each respective exposure time for the 4 and 24-h
exposures and after the 20-h recovery time for the 4-h pulse exposure. See Figure 3.1 for visual
diagram of exposure regimes.
3.2.3 Sampling Procedures
Sampling consisted of aspirating out the majority of the test solution through a 22 μm
Nitex screen to prevent embryos/larvae from being removed. Then the remaining solution (10
ml) containing the larvae was transferred into a 15 ml glass conical centrifuge tube. Larvae were
spun down with a hand crank centrifuge at a minimal rpm sufficient to pellet the larvae and 8 ml
supernatant was removed by aspiration. The larvae for the DNA fragmentation ELISA were
transferred to 2 ml cryogenic vials, frozen in liquid nitrogen, and stored at -80°C until further
analysis. The larvae for the hsp70 analysis were transferred to 2 ml microcentrifuge tubes and
centrifuged at 300 x g for 5 min. A lysis buffer containing: 20 mM Tris, 137 mM NaCl, 1% NP40, 2 mM EDTA complemented with SigmaFast™ protease inhibitor (2 mM AEBSF, 1 mM
EDTA, 130 μM Bestatin, 14 μM E-64, 1 μM Leupeptin, 0.3 μM Aprotinin) was added to the
pellet, kept on ice for 20 min, frozen in liquid nitrogen and stored in -80°C until further analysis.
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Fig. 3.1. Diagram showing exposure timeline beginning at 30 min post-fertilization (top) where
exposures are (A) 4-h, (B) 4-h pulse then embryos develop to 24 hpf without pesticide, (C) 24-h.
Exposures beginning 24 hpf (bottom) are (D) 4-h, (E) 4-h pulse then larvae develop to 48 hpf
without pesticide, and (F) 24-h.
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3.2.4 Apoptosis Analysis
The Cell Death Detection ELISA (Roche Applied Science, Manheim, Germany,
#11544675001) was used for detection of apoptotic cells. This photometric assay was carried
out in 96-well plates and qualitatively determined the cytoplasmic histone-associated DNA
mono- and oligonucleosomes associated with apoptosis. All procedures were taken directly from
the Roche Applied Science (Manheim, Germany) protocol. Absorbance units were measured on
a spectrophotometer 96-well plate reader (Biotrak).
3.2.5 Heat Shock Protein Analysis
Equal volumes of protein samples were diluted with 4X sample loading buffer (0.5M
Tris-HCl pH 6.8, 4% SDS, 40% glycerol, 0.04% bromophenol blue, 4% β-mercaptoethanol) and
denatured in a boiling water bath for 5 min. 50 ng of hsp70 (hsp72) Recombinant Human Protein
(Assay Designs #NSP-555D) was used as positive control in each gel and Bio-Rad Precision
Plus Protein Standards (#161-0373) were used for molecular weight comparisons. SDS-PAGE
was performed according to Laemmli (Laemmli 1970) using a Bio-Rad Mini-PROTEAN™ II
apparatus and 10% precast polyacrylamide long life gels (NuSep). Gels were run at 150 V for 35
min. Proteins were electrophoretically transferred to nitrocellulose membranes using a Bio-Rad
Mini Trans-Blot® Electrophoretic Transfer Cell and transfer buffer (25mM Tris, 25mM Bicine,
10% ethanol) at 40 V for 90 min. Blots were incubated for 2 h in 4% nonfat milk made in TBST
(20mM Tris, 0.5M NaCl, 0.1% Tween 20, pH to 7.6). Blots were then incubated overnight at
4°C with anti-hsp70 mouse monoclonal IgG1 (Affinity Bioreagents, #MA3-006, 1:5000
dilution). This antibody detects ~66 kDa to ~78 kDa protein isoforms in the hsp70 family.
Specificity of the antibody in these species had been previously confirmed (LePeyre, personal
communication). Blots were washed 3X for 5 min each in TBST followed by incubation in the
secondary antibody, rabbit anti-mouse IgG HRP conjugate (Sigma-Aldrich, #A9044, 1:10,000
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dilution). Both antibodies were diluted in Signal Enhancer HIKARI (Nacalai USA, Inc., #
NU00101). Blots were again washed 3X for 5 min in TBST. Visualization of bands was
achieved with the Bio-Rad Opti-4CN™ Substrate Kit according to manufacturer‟s protocol and
then scanned with a flatbed scanner. Densitometry was quantified using ImageJ 1.38x (National
Institutes of Health, USA) for each pesticide treatment of each exposure period.
3.2.6 Statistical Analysis
Each of the bands was expressed as a relative intensity value. Due to the difficulty in
making quantitative comparisons from Western blots with different protein transfer and staining
efficiency, the relative intensity value was calculated as the ratio of each band‟s density to the
hsp70 standard band density on the same blot. The mean relative intensity value of each band of
each experiment performed in triplicate was compared by one-way ANOVA with significant
differences found at P<0.05 and the Holm-Sidak method used for pairwise comparisons
(SigmaStat). The nonparametric Kruskal-Wallis analysis was used when distribution and
variance assumptions were violated (SigmaStat).
The ELISA results were quantified as an apoptotic value. This was calculated by
dividing the absorbance of the sample by the absorbance of the control. The mean apoptotic
values for each treatment and time point were analyzed for differences by a one-way ANOVA
with significant differences found at P<0.05 and the Holms-Sidak method used for pairwise
comparisons (SigmaStat). The nonparametric Kruskal-Wallis analysis was used when
distribution and variance assumptions were violated (SigmaStat).
The ELISA results and the hsp70 band densities for the exposure times of the three
experiments were analyzed with the Pearson Product Moment Correlation and found to be
significantly correlated if P<0.05 (SigmaStat). If distributions there were not normal, the
Spearman Rank Order Correlation was used (SigmaStat).
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3.3 Results
3.3.1 ELISA Detection of Apoptosis Values


Bayluscide
The short 4-h exposure did not affect apoptosis levels in D. polymorpha or L. variegatus

embryos, but in C. virginica embryos there was a significant decrease in apoptosis after exposure
to the 250 μg/l Bayluscide treatment (Fig. 3.2A). In the 4-h pulse exposure, apoptosis increases
were at 0.2 μg/l in C. virginica, 1 μg/l in D. polymorpha (Fig. 3.2B). A 24-h exposure resulted
in increased levels at 1 μg/l in D. polymorpha (Fig. 3.2C).
The 4-h pulse exposure at 24 hpf resulted in a significant increase at 1 μg/l and decrease
at 250 μg/l in C. virginica, and a significant decrease at 62.5 and 250 μg/l in D. polymorpha (Fig.
3.2E). The 24-h exposure resulted in significant increases in apoptosis levels at 0.2 μg/l in C.
virginica, 15.6 μg/l in D. polymorpha;, and at 62.5 and 250 μg/l in L. variegatus. There were
significantly decreased levels at 62.5 and 250 μg/l in C. virginica and D. polymorpha (Fig. 3.2F).


Roundup
The apoptosis levels in the 4-h pulse exposures were significantly decreased at 16 mg/l in

C. virginica and D. polymorpha larvae (Fig. 3.3B). The 24-h exposure resulted in significantly
increased levels at 0.25 mg/l in C. virginica and significantly decreased levels at 16 mg/l in C.
virginica and D. polymorpha embryos (Fig. 3.3C).
The 4-h exposure at 24 hpf resulted in significantly increased levels at 16 mg/l in D.
polymorpha (Fig. 3.3D). The 4-h pulse exposure of the 24 hpf larvae resulted in significant
increases in apoptosis levels at 0.25 and 16 μg/l in C. virginica (Fig. 3.3E). In 24-h exposure of
24 hpf larvae, C. virginica had significant apoptosis increases at 1 mg/l and there were
significant decreases at 4 and 16 mg/l in C. virginica and at 16 mg/l in D. polymorpha (Fig.
3.3F).
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Fig. 3.2. Mean apoptotic values from experiments exposing C. virginica, D. polymorpha, and L. variegatus to Bayluscide for (A) 4 h
dosed at 30 min post-fertilization, (B) 4 h pulse dosed at 30 min post-fertilization then sampled at 24 hpf, (C) 24 h dosed at 30 min postfertilization, (D) 4 h dosed at 24 hpf, (E) 4 h pulse dosed at 24 hpf, and (F) 24 h dosed at 24 hpf. Error bars indicate standard error of the
mean. Asterisk (*) above bars indicate significant difference from the corresponding species‟ control apoptotic values (P<0.005).
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Fig. 3.3. Mean apoptotic values from experiments exposing C. virginica, D. polymorpha, and L. variegatus to Roundup for (A) 4 h dosed
at 30 min post-fertilization, (B) 4 h pulse dosed at 30 min post-fertilization then sampled at 24 hpf, (C) 24 h dosed at 30 min postfertilization, (D) 4 h dosed at 24 hpf, (E) 4 h pulse dosed at 24 hpf, and (F) 24 h dosed at 24 hpf. Error bars indicate standard error of the
mean. Asterisk (*) above bars indicate significant difference from the corresponding species‟ control apoptotic values (P<0.005)
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3.3.2 Western Blot Detection of Hsp70 Expression
Experiments on each species resulted in high variability in hsp70 isoform expression in
most of the exposure regimes for both pesticides (Figs. 3.4, 3.5, 3.6). Between the three test
species and two pesticides, there were 36 exposures analyzed for significant dose responses. Of
these, only three exposures were found to be significantly different from control expression
levels.


Bayluscide
C. virginica embryos exposed for 4 h expressed three hsp70 isoforms of approximately

77, 72, and 69 kDa (Fig. 3.4A), D. polymorpha embryos expressed one isoform of 72 kDa (Fig.
3.5A), while there was no expression in the L. variegatus embryos (Fig. 3.6A). The 24-h
exposure at 30 min post-fertilization resulted in C. virginica expression of 72 and 69 kDa (Figs.
3.4C, 3.7) and D. polymorpha expressed a significant increase in 72kDa at 250 μg/l (Fig. 3.5C,
3.8). In 4-h exposures at 24 hpf, L. variegatus expressed 72 and 70 kDa (Fig. 3.6D, 3.9). C.
virginica and D. polymorpha expressed the 72 kDa when the 24 hpf larvae were treated for a 4-h
pulse exposure. The former had a significant increase in expression in 15.6 μg/l (Fig. 3.4E).


Roundup
In the 4-h exposure at 30 min post-fertilization, L. variegatus embryos did not express

any hsp70 isoforms (Fig. 3.12A). In the 4-h pulse exposure, the 72 kDa isoform was variable
detected at 4 mg/l in L. variegatus (Fig. 3.12B, 3.13). In the 24-h exposure to Roundup, D.
polymorpha expressed 72 and 70 kDa (Fig. 3.11C, 3.14). In the 4-h pulse exposure at 24 hpf, L.
variegatus larvae did not express any hsp70 isoforms (Fig. 3.10E, 3.11E, 3.12E). In C. virginica,
the 24-h exposure at 24 hpf resulted in the 72 kDa isoform was expressed in higher values than
the 77 and 69 kDa isoforms (Fig. 3.10F, 3.15). L. variegatus experiments resulted in a
significant increase in the 72 kDa isoform at 16 mg/l (Fig. 3.12F).
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Fig. 3.4. Relative intensity values of hsp70 isoform expressions in C. virginica after Bayluscide exposure as detected by Western blot
analysis in (A) 30 min post-fertilization embryos exposed for 4 h, (B) 30 min post-fertilization embryos exposed for 4-h pulse, (C) 30
min post-fertilization embryos exposed for 24 h, (D) 24 hpf larvae exposed for 4-h, (E) 24 hpf larvae exposed for 4-h pulse, (F) 24 hpf
larvae exposed for 24 h. Error bars indicate standard error from the mean. Asterisk (*) indicates significant differences from the
corresponding isoform control relative intensity value (P<0.005).
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Fig. 3.5. Relative intensity values of hsp70 isoform expressions in D. polymorpha after Bayluscide exposure as detected by Western blot
analysis in (A) 30 min post-fertilization embryos exposed for 4 h, (B) 30 min post-fertilization embryos exposed for 4 h pulse, (C) 30 min
post-fertilization embryos exposed for 24 h, (D) 24 hpf larvae exposed for 4 h, (E) 24 hpf larvae exposed for 4 h pulse, (F) 24 hpf larvae
exposed for 24 h. Error bars indicate standard error from the mean. Asterisk (*) indicates significant differences from the corresponding
isoform control relative intensity value (P<0.005).
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Fig. 3.6. Relative intensity values of hsp70 isoform expressions in L. variegatus after Bayluscide exposure as detected by Western blot
analysis in (A) 30 min post-fertilization embryos exposed for 4 h, (B) 30 min post-fertilization embryos exposed for 4 h pulse, (C) 30 min
post-fertilization embryos exposed for 24 h, (D) 24 hpf larvae exposed for 4 h,( E) 24 hpf larvae exposed for 4 h pulse, (F) 24 hpf larvae
exposed for 24 h. Error bars indicate standard error from the mean. Asterisk (*) indicates significant differences from the corresponding
isoform control relative intensity value (P<0.005).
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Fig. 3.7. Western blot of C. virginica embryos dosed at 30 min post-fertilization to Bayluscide
and exposed for 24 h. Lane 1: positive hsp72 control; lane2: molecular weight marker; lane 3:
control group; lane 4: 0.2 μg/l; lane 5: 1.0 μg/l; lane 6: 3.9 μg/l; lane 7: 15.6 μg/l; lane 8: 62.5
μg/l; lane 9: 250 μg/l.

Fig. 3.8. Western blot of D. polymorpha embryos dosed at 30 min post-fertilization to
Bayluscide and exposed for 24 h. Lane 1: positive hsp72 control; lane2: molecular weight
marker; lane 3: control group; lane 4: 0.2 μg/l; lane 5: 1.0 μg/l; lane 6: 3.9 μg/l; lane 7: 15.6 μg/l;
lane 8: 62.5 μg/l; lane 9: 250 μg/l.

Fig. 3.9. Western blot of L. variegatus embryos dosed at 24 hpf to Bayluscide and exposed for
4 h. Lane 1: positive hsp72 control; lane2: molecular weight marker; lane 3: control group; lane
4: 0.2 μg/l; lane 5: 1.0 μg/l; lane 6: 3.9 μg/l; lane 7: 15.6 μg/l; lane 8: 62.5 μg/l; lane 9: 250 μg/l.
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Fig. 3.10. Relative intensity values of hsp70 isoform expressions in C. virginica after Roundup exposure as detected by Western blot
analysis in (A) 30 min post-fertilization embryos exposed for 4 h, (B) 30 min post-fertilization embryos exposed for 4 h pulse, (C) 30 min
post-fertilization embryos exposed for 24 h,( D) 24 hpf larvae exposed for 4 h, (E) 24 hpf larvae exposed for 4 h pulse, (F) 24 hpf larvae
exposed for 24 h. Error bars indicate standard error from the mean. Asterisk (*) indicates significant differences from the corresponding
isoform control relative intensity value (P<0.005).
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Fig. 3.11. Relative intensity values of hsp70 isoform expressions in D. polymorpha after Roundup exposure as detected by Western blot
analysis in (A) 30 min post-fertilization embryos exposed for 4 h, (B) 30 min post-fertilization embryos exposed for 4 h pulse, (C) 30 min
post-fertilization embryos exposed for 24 h, (D) 24 hpf larvae exposed for 4 h, (E) 24 hpf larvae exposed for 4 h pulse, (F) 24 hpf larvae
exposed for 24 h. Error bars indicate standard error from the mean. Asterisk (*) indicates significant differences from the corresponding
isoform control relative intensity value (P<0.005).
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Fig. 3.12. Relative intensity values of hsp70 isoform expressions in L. variegatus after Roundup exposure as detected by Western blot
analysis in (A) 30 min post-fertilization embryos exposed for 4 h, (B) post-fertilization embryos exposed for 4 h pulse, (C) 30 min postfertilization embryos exposed for 24 h, (D) 24 hpf larvae exposed for 4 h, (E) 24 hpf larvae exposed for 4 h pulse, (F) 24 hpf larvae
exposed for 24 h. Error bars indicate standard error from the mean. Asterisk (*) indicates significant differences from the corresponding
isoform control relative intensity value (P<0.005).
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Fig. 3.13. Western blot of L. variegatus larvae dosed at 30 min post-fertilization with a 4-h pulse
exposure to Roundup then allowed to develop to 24 hpf. Lane 1: positive hsp72 control; lane2:
molecular weight marker; lane 3: control group; lane 4: 0.25 mg/l; lane5: 1.0 mg/l; lane 6: 4.0
mg/l; lane 7: 16 mg/l.

Fig. 3.14. Western blot of D. polymorpha larvae dosed at 30 min post fertilization to Roundup
for 24 h. Lane 1: positive hsp72 control; lane2: molecular weight marker; lane 3: control group;
lane 4: 0.25 mg/l; lane5: 1.0 mg/l; lane 6: 4.0 mg/l; lane 7: 16 mg/l.

Fig. 3.15. Western blot of C. virginica larvae dosed at 24 hpf with a 4-h pulse exposure to
Roundup then allowed to develop to 48 hpf. Lane 1: positive hsp72 control; lane2: molecular
weight marker; lane 3: control group; lane 4: 0.25 mg/l; lane5: 1.0 mg/l; lane 6: 4.0 mg/l; lane 7:
16 mg/l.
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3.3.3 Correlations between Apoptosis Values and Hsp70 Expression Levels
The exposures listed below were found to be significantly correlated when analyzing
apoptosis levels and hsp70 levels from all experiments. The ELISA results (apoptosis) were
tested for correlation with each isoform‟s relative intensity value.
For Bayluscide exposures: C. virginica exposed for 4 h pulse at 30 min post-fertilization
(apoptosis and 77 kDa, r = 0.5), C. virginica exposed for 4 h at 24 hpf (apoptosis and 77 kDa, r =
-0.8), D. polymorpha exposed for 4 h pulse at 30 min post-fertilization (apoptosis and 72 kDa, r
= -0.7), D. polymorpha exposed for 24 h at 30 min post-fertilization (apoptosis and 72 kDa, r = 0.7), and D. polymorpha exposed for 4 h pulse at 24 hpf (apoptosis and 72 kDa, r = -0.6).
For Roundup exposures: C. virginica exposed for 4 h pulse at 30 min post-fertilization
(apoptosis and 77 kDa, r = -0.5), D. polymorpha exposed for 4 h pulse at 24 hpf (apoptosis and
72 kDa, r = -0.8), and L. variegatus exposed for 4 h at 24 hpf (apoptosis and 70 kDa, r = -0.7).

3.4 Discussion
Biomarkers are used to provide an early warning signal that indicates a change in the
physiological status of an animal most likely resulting from stress or damage. The biomarker
measurements must be reliable and reproducible for these tests to be regarded as accurate
indicators of damage caused by environmental insult to the species in question. Furthermore, the
importance of finding reliable measurements is amplified if these results are relied upon for the
regulatory establishment of acceptable levels of contaminants or biomonitoring programs.
3.4.1 Apoptosis Values Detected with the ELISA


Bayluscide
When early cleavage stage embryos (30 min post-fertilization) were exposed for 4 h,

C. virginica was the only species that displayed significant changes in apoptosis from Bayluscide
exposure (250 μg/l). However, this same exposure time (4 h) did result in significant changes in
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both mollusks when these embryos were allowed to develop to 24 hpf without the pesticide (4-h
pulse exposure). The significant increase in apoptosis occurred from exposures as low as 0.2
μg/l in C. virginica and 1 μg/l in D. polymorpha suggesting that the short exposure time affected
the embryos at the lowest concentration tested but apoptotic cells were not detected with this
assay until later stages of development.
The longer 24-h exposure to D. polymorpha resulted in similar effects as the 4-h pulse
exposure at the same concentrations suggesting that regardless of a short (4-h) or long (24-h)
exposure time, the apoptotic response in this early stage is similar. The C. virginica 24-h
exposure did also appear similar in the increased apoptotic response from Bayluscide exposure
when looking at mean apoptotic values but these values were highly variable after the 24-h
exposure. In summary, the stages and exposures occurring during the 24 hpf were significantly
affected in apoptosis levels in the mollusk species, C. virginica and D. polymorpha, but the sea
urchin did not experience any significant detectable changes. The higher sensitivity of C.
virginica and D. polymorpha embryos to this pesticide was hypothesized due to its intended use
as a molluscicide (WHO 1998).
The developmental stages that predominated when the larvae were exposed for 4 h
beginning at 24 hpf (ciliated blastula/trochophore transition stage in mollusks and ciliated
blastula/prism transition stage in sea urchins) were affected by Bayluscide treatments in C.
virginica and L. variegatus. The apoptosis values in these larvae were highly variable but often
markedly increased in comparison to controls. After the larvae were allowed to develop to 48
hpf (4-h pulse exposure), variability decreased and the effects of the short exposure times were
then statistically apparent.
The 24-h exposure during these developmental stages resulted in apoptotic increases in
mollusk larvae but then very large decreases in the highest concentrations. In contrast, L.
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variegatus larvae had 5-fold increases in the 250 μg/l concentration after the 24-h exposure. In a
previous study on apoptosis, we reported that apoptosis levels peak then decrease as pesticide
concentrations increase and further suggested that the concentrations that are causing too much
damage to the organism result in the inhibition of the energy expensive method of apoptosis
(Perry & Lynn 2009). If the decrease in apoptosis is indicating irreversible damage to the cell,
then the results suggest that L. variegatus larvae were still experiencing increases in apoptosis at
250 μg/l and the decrease would not have occurred until exposure to higher concentrations. This
indicates the mollusk later stage larvae, similar to early stages, are more sensitive to Bayluscide
than the same stages in the sea urchin.


Roundup
The cleavage stage embryos were largely unaffected from a 4-h exposure to Roundup

when sampled at 4 hpf. Allowing those embryos to develop to 24 hpf after the 4-h pulse
exposure did cause apoptotic increases in the 1 and 4 mg/l treatments for all species indicating a
delayed effect in apoptosis induction from exposure to early embryonic stages. Additionally, the
mollusk species had significantly decreased apoptotic values in the highest concentration (16
mg/l) in the 4-h pulse and the 24-h exposure. However, only one species (C. virginica)
experienced a large increase in apoptosis value in the much lower 0.25 mg/l treatment after a 24h exposure. These results indicate that the higher 16 mg/l concentration affects C. virginica
embryos from both short and long exposure times while the much lower 0.25 mg/l concentration
will eventually cause apoptosis induction in embryos that are continuously exposed for a longer
period.
When dosed at 24 hpf, C. virginica and D. polymorpha apoptotic level trends were
similar in the 4 and 4-h pulse exposures. Conversely, L. variegatus mean apoptosis levels were
much larger at 4 mg/l Roundup after the 4-h pulse exposure. This demonstrates that a large
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percentage of the sea urchins were markedly affected by the short 4-h exposure but those effects
were not detected until hours later. Interestingly, when the 24 hpf larvae were exposed for 24 h,
ELISA detected a rise in apoptosis at a lower concentration (0.25 mg/l Roundup). While this
increase in apoptosis was smaller than the mean apoptotic value detected from the 4-h pulse
exposure, this suggests that a longer exposure to lower concentrations is as harmful to some of
the sea urchin larvae as a short exposure to higher concentrations of Roundup.
3.4.2 Using This ELISA as a Biomarker Assay
In a previous study, physiological apoptosis and apoptosis after exposure to Bayluscide
was quantified in D. polymorpha and Mytilus galloprovincialis using the TUNEL method. The
ELISA in the present study was used to simultaneously quantify apoptosis and investigate the
usability of detecting apoptosis in these early life stages in comparison to the TUNEL assay
(Perry & Lynn 2009). Both assays report the presence of DNA fragmentation, which is
indicative of the later stages of apoptosis (Elmore 2007). Some noted disadvantages of the
TUNEL assay were the time-consuming nature of the protocol and manual scoring of the
fluorescent apoptotic cell number in each individual embryo or larva. The manual scoring was
fairly subjective as the cells needed to be concurrently assessed for morphological characteristics
of an apoptotic cell. Using this technique avoided the possibility of counting necrotic cells as
apoptotic cells, which has been reported from TUNEL assay results (Frankfurt & Krishan 2001,
Didenko et al. 2003). Also, in the more complex later stage larvae, individual fluorescing
apoptotic cells were difficult to discern from other fluorescing cells in close proximity, causing
difficulty in scoring (Perry & Lynn 2009).
The ELISA used in this study did show similar trends in apoptosis levels of D.
polymorpha embryos and larvae from exposure to Bayluscide when compared to levels detected
with the TUNEL assay (Perry & Lynn 2009). One advantage in using the ELISA was the less
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time-consuming method of quantifying apoptosis levels: manually counting of fluorescent cells
with the TUNEL assay versus reading absorbance units on a spectrophotometer with the ELISA.
The quantification of apoptosis with the ELISA was also much less subjective because of this
method. It should be noted that there were some disadvantages to this assay as well. While the
TUNEL assay does require visualization of the whole embryos and larvae in each sample, the
ELISA does not. Therefore, it is assumed the larvae in the sample have been completely lysed to
expose all mono- and oligonucleosome fragments prior to antibody labeling. Without
verification with microscopy, there is an assumption that the absorbance reading is reporting the
amount of fragmented DNA and not an absorbance reading based on insufficient lysing of the
cells that result in less nucleosomal fragments in the sample. This disadvantage was most
evident during the sea urchin sample preparation. These embryos required a longer incubation in
the lysis buffer to dissociate the embryo pellet and the resulting plutei skeleton that remained in
the sample caused difficulty in verifying complete lysis of the cells. Another disadvantage is that
the baseline apoptotic levels in controls from the different experiments and developmental stages
cannot be compared because all treatments are normalized against the controls in the same 96well plate. Therefore, any variability in apoptosis values among the controls are not detected or
reported in statistical analyses.
3.4.3 Western Blot Detection of Hsp70 Expression


C. virginica
The oyster, C. virginica, was the only test species that expressed three isoforms of hsp70

in this study. Published studies that have investigated hsp70 in this species have reported the
expression of the constitutive 77 and 72 kDa isoforms as well as the inducible 69 kDa isoform
(Encomio & Chu 2007, Ueda & Boettcher 2009). Oyster isoform expression patterns were less
variable in Roundup exposures compared to Bayluscide exposures. However, neither of the
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mean experimental results detected any significant dose response in any of the isoforms from the
exposure regimes except for increased 72kDa expression from the 4-h pulse exposure to 15.6
μg/l Bayluscide dosed at 24 hpf. It should be noted that the mean 72 kDa values in the lower and
higher concentrations from that exposure were not significantly different from the control and
the mean expression level at 15.6 μg/l was the only treatment that was not highly variable. This
was most likely the reason for its statistical significance and therefore is not a reliable dose
response statistic.
In the Western blots of the C. virginica embryos and larvae, there was considerable
variability in the differential expression of hsp70 isoforms. When C. virginica embryos were
exposed to Bayluscide 30 min post-fertilization, the constitutive 77 kDa isoform was detected in
the 4-h pulse exposure but not the 24-h exposure despite both groups being sampled at 24 hpf.
The 77 kDa isoform was also not detected when C. virginica larvae were sampled at 48 hpf after
the 4-h pulse and 24-h Bayluscide exposures. The 69 kDa isoform was induced in all Roundup
exposure regimes but when exposed to Bayluscide, this isoform was only detected in the 4-h and
4-h pulse exposure to Bayluscide beginning at 30 min post-fertilization.


D. polymorpha
Two isoforms (72 and 70 kDa) were detected from Western blot analyses on D.

polymorpha embryos and larvae exposed to Bayluscide and Roundup. D. polymorpha embryos
exposed 30 min post-fertilization did experience a significant dose response with the 250 μg/l
Bayluscide treatment after a 24-h exposure. Increased band density of the 72 kDa isoform was
detected in two of the three experiments in the higher test concentrations for both pesticides in
exposures occurring at 24 hpf.
The 70 kDa isoform was differentially expressed when comparing exposure to
Bayluscide and exposures to Roundup. It was detected in the 24-h exposure beginning at 30 min
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post-fertilization and in the 4-h exposure beginning at 24 hpf when treated with both pesticides.
However when exposed to Roundup, there were two other exposure regimes in which 70 kDa
was detected: the 4-h pulse exposure dosed at 30 min post-fertilization and 24-h exposure dosed
at 24 hpf. This expression was not detected in the controls, which suggests that the 70 kDa
expression was induced by Roundup but not Bayluscide during those exposure times.


L. variegatus
L. variegatus cleavage stage embryos at 4 hpf did not express any hsp70 isoforms nor

was there any induction from the pesticide treatments. Our findings in L. variegatus experiments
are in agreement with other studies reporting that cells from rapidly growing embryos, such as
sea urchins and Xenopus laevis, do not use a heat-shock response until the blastula stage (Davis
& King 1989, Epel 2003). Hsp70 expression was detected when the larvae were sampled at 24
hpf, which is after the embryos reached the blastula developmental stage. These results
demonstrate that assaying before the blastula stage will not be an accurate indicator of stress
because hsp70 is neither expressed under normal conditions nor inducible from an exposure to
the cleavage stage embryos.
It is interesting that C. virginica 4 hpf embryos had such high levels of hsp70 isoforms
expressed in controls and pesticide treatments in contrast to D. polymorpha and L. variegatus 4
hpf embryos. C. virginica embryos are also developing at a very rapid rate similar to D.
polymorpha and L. variegatus embryos, which expressed very little expression of one isoform
(72 kDa) only in pesticide treatments and no expression in controls or treatments, respectively.
It is likely there are differences in strategies used by rapidly dividing embryos regarding a heat
shock response based on comparisons between C. virginica, D. polymorpha, and L. variegatus.
In the Bayluscide experiments, the L. variegatus larvae sampled at 24 hpf (24-h exposure
and 4-h pulse exposure beginning at 30 min post-fertilization) expressed both isoforms (72 and
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70 kDa) in controls and treatments. In contrast, the larvae exposed to Roundup and sampled at
those same times expressed only one isoform, 72 kDa, in the controls and treatments from the
24-h exposure and in the 1 and 4 mg/l treatments from the 4-h pulse exposure. These
experiments were performed on embryos produced from adults that were collected from the
same site, at the same time, and held in an aquarium under the same conditions. This suggests
there is inter-individual variability among the urchins and their offspring in hsp70 protein levels.
In both Bayluscide and Roundup experiments, the L. variegatus larvae pulse exposed for
4 h then sampled at 48 hpf did not express any hsp70 isoforms while the 24 h exposure sampled
at the same time had detectable hsp70 expression in the highest concentrations tested. This heatshock response is not equal from exposure to all stressors according to Geraci et al (2004). The
authors found that plutei stage sea urchin larvae experienced a cease in 70 and 72 kDa isoforms
with continuous exposure to nickel and lead but these protein levels did not lower at that stage
when continuously exposed to cadmium (Geraci et al. 2004). Our results suggest that a shorter
4- h exposure to each pesticide is not sufficient to cause an induction of hsp70 at this later plutei
stage but a 24 h exposure does induce a heat shock response.
3.4.4 Using Western Blot Detection of Hsp70 Expression as a Biomarker
Previous studies have determined there are three isoforms of hsp70 expressed in oyster
species, constitutive 77 and 72 kDa isoforms and an inducible 69 kDa isoform (Piano et al. 2002,
Encomio & Chu 2007, Ueda & Boettcher 2009). Expression patterns of these isoforms vary
widely with different stressors and studies. Ueda and Boettcher (2009) reported that larvae and
spat (early benthic phase of larvae) of C. virginica expressed these three isoforms. Interestingly,
the 77 and 72 kDa levels in that study were significantly different when assayed for differential
expression among developmental stages, but when those same stages were assayed with thermal
stress, 77 and 72 kDa were not significantly different in controls among the developmental
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stages. The 69 kDa isoform was also detected in thermally stressed larvae and spat, but at very
low levels (Ueda & Boettcher 2009). Encomio and Chu (2007) did not report any detection of
77 kDa in a study on heat-shocked C. virginica adults. They did find that 72 and 69 kDa levels
were not significantly different after heat shock or infection with a parasite, but 72 kDa isoform
was increased in adult C. virginica 2 and 7 d post-heat shock while the 69 kDa isoform was
expressed in a constitutive manner. A related oyster species, Ostrea edulis, also exposed to
thermal stress, was reported to undergo constitutive but highly variable expression of 77 and 72
kDa isoforms while the 69 kDa isoform was detected in tissues exposed to >32°C (Piano et al.
2002). Hamdoun et al. (2003) studied hsp70 phenotypic plasticity in the Pacific oyster,
Crassostrea gigas, and reported 100-fold greater expression of constitutive 77 and 72 kDa
isoforms in summer than in winter and the threshold temperature for 69 kDa induction also
displayed seasonal variability.
Studies on D. polymorpha hsp70 expression from contaminant exposure are not
consistent in the reported isoforms either. Clayton et al. (2000) reported one hsp70 band in
controls and then increased hsp70 levels after zebra mussels were exposed to copper and
tributyltin. A different study on D. polymorpha reported two bands detected on the blots but
analyzed them together and reported a time-dependent increase in hsp70 levels after exposure to
platinum group metals (Singer et al. 2005). Radlowska and Pempkowiak (2002) exposed
Mytilus edulis to different metal concentrations and only detected a 70 kDa band in the blots.
Two different mussel species, M. edulis and Bathymodiolus azoricus, were reported to express
different hsp70 isoforms. In M. edulis, 77 and 72 kDa were inducible, and in B. azoricus, 76 and
64 kDa were inducible and 71 kDa was constitutive after exposure to heat shock and cadmium
(Pruski & Dixon 2007). In the present study, we found that the 72 kDa was present in many of
the controls but was not constitutively expressed in every control of every blot. The 70 kDa
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isoform was not expressed in any controls. Based on these results, it appears that 70 kDa is the
inducible isoform in D. polymorpha, but the low and variable expression of this isoform led to no
statistically significant differences found among any of the treatments. However, the 72 kDa
isoform did increase in some of the higher Bayluscide and Roundup concentrations and
therefore, could be a better indicator of a dose response in this species.
Other published studies investigating sea urchin early life stage exposure to UV did
report dose-dependent increases in hsp70 levels, but only detected one isoform of 70 kDa
(Bonaventura et al. 2005, Bonaventura et al. 2006). Interestingly, in a different study P. lividus
was found to express a constitutive isoform of 75 kDa that decreased when early stages were
exposed to lead but increased when later stages were exposed (Geraci et al. 2004). This
constitutive isoform was also identified in a previous study on sea urchin embryos (Sconzo et al.
1997).
The 72 kDa isoform was expressed in each species for every pesticide exposure regime.
The smaller protein, 69/70 kDa, was detected in the Western blots differentially for each species.
Even though it does appear that the smaller isoform of 69/70 kDa was inducible from the
pesticide treatments, the expression, when present, was very low in comparison to other isoforms
in the majority of the Western blots. It is possible that a different analysis method would
enhance the ability to detect and then use this isoform to report stress-inducible expression.
Hsp70 expression as a response to stress has been reported to be more detectable with an ELISA
compared to Western blot analysis in M. edulis (Pempkowiak et al. 2001). Yet, in addition to the
low detection, there was considerable variability in the concentration at which the 69/70 kDa
band appeared when comparing individual experiments of each species and pesticide. This
suggests that while the isoform is most likely being induced by the pesticide exposure for
particular individuals, the lack of a clear dose response after averaging multiple Western blots
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prevents the expression of this isoform from being a reliable biomarker of stress occurring at a
given concentration.
Because each individual experiment consisted of using three females and two males for
the spawns, it is difficult to say whether the variability between each experiment in this study
was due to either inter-individual or experimental variability. Even so, with differences in
baseline hsp70 isoform levels and variable pesticide-induced expression, it is difficult to
delineate any dose-response curves that would be representative of the populations‟ toxicity to a
stressor at these early life stages. LaPorte (2005) also concluded that hsp70 inductions in the bay
mussel were masked due to inter-individual variability, making it an insensitive biomarker.
These results demonstrate that this measurement of stress in early life stages of these test species
is not ideal for biomonitoring of pollution.
3.4.5 Correlation between Apoptosis Levels and Hsp70 Expression
The overexpression of stress-inducible hsp70 has been reported to increase the ability of
a cell to cope with denatured proteins as a result of stress. This overexpression has also been
shown to protect cells from entering the apoptotic pathway (Garrido et al. 2001). Based on this
information, a negative correlation between the two biomarker measurements was hypothesized.
This occured with exposures where a significant correlation was detected except in the 4-h pulse
Bayluscide exposure to C. virginica embryos, but this exposure had a weak correlation
coefficient (0.5) and therefore is not a robust statistical result. Majority of the other exposures in
which a negative correlation was found also had weak correlation coefficients (between -0.5 and
-0.7). It is probable that there is a strong negative correlation but this requires the testing of each
individual to avoid the masking effect of inter-individual variability of hsp70 expression.

85

3.5 Conclusion
Apoptotic dose response was observed in several of our exposure regimes and was less
variable in the oyster and zebra mussel than the sea urchin. A commonality seen in many
exposures to both pesticides was the occurrence of no detected change in apoptosis after the 4-h
exposure but when the embryos and larvae were pulse exposed for 4 h and then allowed to
develop for 20 h, apoptosis increases were detected. These results raise the question of whether
this is a stage-dependent effect or if this is due to the amount of time required for the cells in
early life stages to reach the final stages of the apoptotic pathway. Further investigation is
required to answer that question, but this delayed effect should be taken into consideration when
designing experiments to measure effects on apoptosis from exposure to a stressor.
Based on our findings, it is evident that Western blot detection of hsp70 expression in
early developmental stages is highly variable, and thus should not be utilized for determining
treatment effects in early life stages of these species. Furthermore, for hsp70 expression to be
compared among species there should be a concerted effort by researchers to measure either total
hsp70 expression or each isoform expression when reporting stress-induced hsp70 expression.
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CHAPTER 4

FLOW-CYTOMETRIC ANALYSES OF VIABILITY BIOMARKERS IN
PESTICIDE-EXPOSED SPERM OF THREE AQUATIC
INVERTEBRATES*

*With kind permission from Springer Science + Business Media: Archives of Environmental
Contamination and Toxicology, Flow-cytometric analyses of viability biomarkers in pesticideexposed sperm of three aquatic invertebrates, In press, Karen P Favret, John W Lynn
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4.1 Introduction
Previous studies have shown that sperm can be affected by exposure to toxicants, such as
pesticides, and this exposure can lead to a decrease in fertilization success and developmental
competence (Mwatibo & Green 1997, Vaschenko et al. 1999, Arslan et al. 2007). Sperm
toxicant exposure is inherently likely for animals that broadcast spawn their gametes. Broadcast
spawners expel their eggs and sperm directly into the surrounding water, where external
fertilization then occurs. Many aquatic and marine invertebrates, such as mollusks and sea
urchins, use this reproductive strategy. Therefore the fertilization success of broadcast spawners
has the potential to be adversely affected by the increasing range and mixtures of toxicants found
in freshwater and saltwater systems today.
Most ecotoxicological studies on sperm toxicity use fertilization success as the assay end
point (Dinnel et al. 1989, Pagano et al. 1996, Mwatibo & Green 1997, Vaschenko et al. 1999,
Ghirardini et al. 2001, Arslan et al. 2007). Pagano et al. (1996) found that sea urchin and mussel
sperm exhibited a dose-dependent decrease in fertilization success after exposures to aluminum,
iron, and their mixture. Other studies have also examined the percentage of developmental
defects due to sperm exposure, as in the study by Mwatibo & Green (1997) which reported a
decrease in fertilization success and an increase in developmental defects after sea urchin sperm
were exposed to the pesticide methoxychlor.
A fertilization bioassay using sea urchins is a US Environmental Protection Agency (US
EPA) test approved for regulation and compliance in pollution monitoring. In this test, the
sperm are exposed to the toxicant(s) for a specified time before eggs are added to the sperm
solution. The percentage of fertilized eggs, based on the presence of a fertilization membrane
around the egg, are then counted and used as the end point (Dinnel et al. 1987). Measuring
fertilization success is the ultimate measure of ecotoxicological significance, but there are
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several factors that make this type of test too variable for large-scale monitoring of sperm
toxicity.
Standards have been set for the sea urchin sperm fertilization bioassay, including spermto-egg ratio, temperature, salinity, dilution water, and fertilization percentages in controls
(Dinnel et al. 1987). Standardizing these parameters for regulatory purposes does reduce
variability in the protocols utilized by different labs. However, studies by Vazquez (2003) report
a seasonal and individual variability of the Tripneustes gratilla sea urchin sperm, in which a
fixed sperm-to-egg ratio does not produce the required control fertilization percentage used as a
test acceptability criterion. Each batch of gametes was found to have a unique requirement of
sperm-to-egg ratio for the test to be acceptable. Additionally, using the recommended gamete
concentration in many of the tests resulted in a less sensitive toxicity response (Vazquez 2003).
This variability in fertilization success with single concentration sperm tests can be
attributed to the bell-shaped fertilization curve observed in broadcast-spawning species.
According to this curve, fertilization success increases quickly with sperm concentration but then
will peak and eventually decrease due to polyspermy caused by more than one sperm entering
the egg, thereby producing an unviable zygote (Marshall 2006). Based on this phenomenon, if
the sperm concentration is too high, a toxicant exposure could reduce polyspermy either by
making the sperm unviable or by decreasing sperm-to-egg contact and ultimately give a result of
increased fertilization success due to exposure to the test solution.
Furthermore, it should be noted that other factors such as egg size and quality also
contribute to differences in fertilization success (Marshall & Evans 2005). Not all sperm and
eggs are equally compatible with each other, which can also manifest as differences in rates of
fertilization seemingly caused by the toxicant exposure (Evans & Marshall 2005).
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Flow cytometric analysis offers a faster and less variable technique for testing
spermiotoxicity. It permits large numbers of samples to be run in a short time frame while
simultaneously measuring several sperm parameters that are crucial to fertilization success
(Graham et al. 1990, Adams et al. 2003).
Investigations rarely use sperm viability, membrane integrity, and function biomarkers,
such as plasma membrane permeability, acrosomal membrane integrity, and the loss of
mitochondrial membrane potential, respectively, to test spermiotoxicity of exogenous
compounds in broadcast spawners (Lu & Wu 2005). Cell plasma membrane permeability is a
possible exposure effect that could lead to a reduced ability to fertilize if the sperm plasma
membrane fails to fuse with the egg membrane (DeBaulny et al. 1997). Another bioindicator of
a sperm‟s physical condition is the timing of the acrosome reaction (Zhang et al. 2009). Under
normal conditions this reaction is induced by species-specific polysaccharides in the egg coat or
egg jelly. The acrosome membrane binds to the plasma membrane causing a release of
enzymatic contents that aid in sperm penetration into the egg. Functioning cellular respiration
results in polarized mitochondria and is also integral to fertilization because it is responsible for
energy production (Lu & Wu 2005). Depolarized mitochondria would decrease the energy
production needed to propel the sperm to meet the egg in the water column. Therefore, a change
in mitochondrial membrane potential is a bioindicator of adverse effects on sperm motility.
These parameters have proven valuable in flow cytometric seminal analysis for assessing
human infertility (Espinoza et al. 2009) and for seminal analysis of cryopreserved sperm used in
large animal assisted reproduction programs (Guthrie & Welch 2006, Selvaraju et al. 2009).
Employing these types of analyses on sperm for ecotoxicity studies could provide a faster means
of investigating the damage to sperm from a toxicant exposure.
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The objective of this study was to analyze biomarkers of sperm physiological status with
flow cytometry and staining with several fluorescent reporter dyes following a brief pesticide
exposure akin to the probable short exposure times encountered in the water. In this study, the
sperm were exposed to a pesticide and herbicide, independently. The pesticide, Bayluscide®, is a
molluscicide and piscicide with an active ingredient called niclosamide. Niclosamide has been
used for chemical control of lampreys (GLFC 2006), and aquatic snails (Oliveira-Filho &
Paumgartten 2000), and has been proposed as a molluscicide for controlling invasive mussels
(Millward et al. 2007, Perry & Lynn 2009). The herbicide, Roundup Ready-To-Use Plus®, is
one of the glyphosate-based herbicides. This group of herbicides is the most widely used for
domestic and agricultural weed control (Tsui & Chu 2003) and therefore is likely to be in water.

4.2 Materials and Methods
4.2.1 Sperm Collection
Adult oysters (Crassostrea virginica) were collected from Caminada Bay, Grand Isle,
Louisiana. All experiments were performed in 25 ± 1‰ ASW (Instant Ocean, Aquariums, Inc.,
Mentor, Ohio) at 22 ± 1°C. Sperm was obtained from adult males by the dry stripping method
(Allen & Bushek 1992) and were used if >80% motility.
Zebra mussels (Dreissena polymorpha) were collected from the Huron River, Ann Arbor,
Michigan. Experiments were performed in artificial pondwater (APW) containing: 0.10 mM
KCl, 0.7 mM MgSO4, 0.8 mM NaHCO3, and 0.6 mM CaCl2 at 22 ± 1°C. Spawning was induced
by a 12-min 0.2 mM serotonin (5-hydroxytryptamine) bath followed by two APW rinses
(Misamore & Lynn 2000) and males were allowed to spawn in glass culture tubes. Sperm was
collected within 30 min of initial spawning and were used if >80% motility.
Sea urchins (Lytechinus variegatus) were collected from St. Joseph Bay, Port St. Joe, FL.
All experiments were performed in 32 ± 1‰ ASW at 22 ± 1°C. Spawning was induced by
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introducing 0.55 M KCl into the coelomic cavity. Dry sperm was collected directly from
gonopore of each male and stored undiluted at 4ºC for subsequent analysis which occurred no
longer than 5 h after initial spawn. Sperm were used for assays if >80% motility.
4.2.2 Test Chemicals
Bayluscide® wettable powder (aka, Bayer 73, niclosamide; EPA Reg. No. 6704-87)
exposures used 72.9% active 5-Chloro-N-2-chloro-4nitrophenyl-2hydroxybenzamide compound
with 2-aminoethanol (1:1) (Bayer Cropscience, Monheim, Germany) made in ASW or APW.
The nominal test concentrations used were 0.2, 1, 3.9, 15.6, 62.5, 250, 1000 μg/l. Actual
concentrations measured at the start of all exposures using a high performance liquid
chromatography (HPLC) technique based on Dawson (1982). The concentrations used were
based on previous exposures to mollusk early life stages (Perry & Lynn 2009).
Roundup® Weed & Grass Killer Ready-To-Use Plus (EPA Reg. No. 71995-33) exposures
used 2% isopropylamine salt of glyphosate, 2% pelargonic and related fatty acids, 96% inactive
ingredients (Monsanto, Saint Louis, MO, USA). Concentrations of the commercial formulation
were calculated and handled based on the respective concentration of the active ingredient as
provided by the manufacturer (2% isopropylamine salt of glyphosate). The treatments in each
test were diluted from a single highly concentrated stock solution, which was freshly prepared by
direct dilution of the commercial formulation in ASW or APW. A 25% serial dilution was used
to achieve test concentrations of 0.25, 1, 4, 16 mg/l glyphosate made in either ASW or APW.
The concentrations used were chosen based on a range finding test of toxicity to mollusk early
life stages (Favret & Lynn, unpublished data).
4.2.3 Assays
Sperm were diluted to a final concentration of 1 x 108 cells/ml. All sperm solutions were
treated with the designated pesticide concentrations for 20 min.
95

The Live/Dead® Sperm Viability Assay (L-7011; Molecular Probes, Eugene, Oregon)
was used for testing the viability of sperm. SYBR®-14 dye is a membrane-permeant nucleic acid
stain used to label live cells with intact membranes and fluoresces bright green. Propidium
iodide (PI) dye labels cells with damaged cell membranes and fluoresces red. Subsequent to
pesticide exposure the sperm were incubated for 10 min in the dark with 20 nM SYBR-14
(Molecular Probes, Eugene, Oregon) and 12 µM PI (Molecular Probes, Eugene, OR). Intact
cellular membranes were indicated by green fluorescence, compromised cellular membranes
were indicated by red fluorescence, and sperm that were in transition from uncompromised to
compromised membrane were indicated by dual staining of SYBR-14 and PI.
An additional experiment was run to assess mitochondrial function and acrosomal
reaction. Mitochondrial function was assessed with MitoTracker® Red CMXRos (M-7512;
Molecular Probes, Eugene OR). This red fluorescent dye stains mitochondria in live cells with
dye accumulation being contingent upon membrane potential. Acrosomal reaction was reported
by positive staining with fluorescein isothiocyanate (FITC)-conjugated Arachis hypogaea
(peanut) lectin (FITC-PNA) (F-2301; EY Laboratories Inc., San Mateo, CA). The PNA lectin is
specific for terminal β-galactose moieties and will bind to the acrosome in acrosome-reacted
sperm and fluoresce green (Ashizawa et al. 2006). Subsequent to pesticide exposure, the sperm
were incubated with 100 nM MitoTracker Red CMXRos and 5μg/ml FITC-PNA in the absence
of light for 10 min.
4.2.4 Flow Cytometric Analyses
Samples were analyzed with a C6 Flow Cytometer® (Accuri Cytometers, Inc., Ann
Arbor, MI) equipped with a solid state 488-nm laser. A total of 20,000 events were analyzed for
each sample using Cflow® software (Accuri Cytometers, Inc., Ann Arbor, MI). Experiments
were performed in triplicate. The data was analyzed as the percentage of sperm found in the
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gated regions where fluorescence from the dyes was detected. Sperm were viewed with an epifluorescence microscope to verify staining. SYBR-14 and FITC-PNA fluorescence were
detected on the FL1 channel with a 530 ± 15-nm interference filter. PI and MitoTracker Red
CMXRos fluorescence were detected on the FL3 channel with a 675-nm long-pass filter.
4.2.5 Statistical Analysis
Data were analyzed as the arcsine transformation of the percentage of sperm in the gated
regions designated as uncompromised membrane (SYBR-14 positive staining), compromised
plasma membrane (PI positive staining), slightly damaged plasma membrane (SYBR-14 and PI
dual positive staining) (Fig. 1), polarized mitochondria (MitoTracker Red CMXRos positive
staining) and acrosome-reacted (FITC-PNA positive staining). The percentage of sperm with
polarized mitochondria were further analyzed in the categories of percentage of sperm emitting
high MitoTracker fluorescence and percentage of sperm emitting low MitoTracker fluorescence
(Fig. 2). Differences were compared for each concentration of each assay in a one-way analysis
of variance (ANOVA) with significant differences at P<0.05 and the Holms-Sidak test was used
for pairwise comparisons (SigmaStat). When the arc sine transformation did not produce a
normal distribution, the nonparametric Kruskal-Wallis ANOVA was used (SigmaStat).

4.3 Results
4.3.1 Bayluscide


C. virginica Sperm
The percentage of sperm fluorescing with MitoTracker was found to be significantly

different among treatments (P<0.001) (Fig. 4.3). Sperm mitochondria were largely polarized
(fluorescing red) in the lower concentrations of 0, 0.2, 1, 3.9, and 15.6 μg/l with percentages
ranging from 96.8 – 99.4%. There was a significant decrease in polarization (91.9%) in the
higher concentrations of 62.5 and 250 μg/l, and a substantial decrease to 19.6% in 1000 μg/l.
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Fig. 4.1. Example of dot-plot analysis of sperm stained with SYBR-14 (fluorescence displayed
on the x-axis) and PI (fluorescence displayed on the y-axis). Gates shown are representative of
gates used for all SYBR-14, PI, and dual stained analyses of sperm membrane integrity.
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Fig. 4.2. Example of histogram analysis of sperm stained with MitoTracker and emitting (A)
majority high fluorescence intensity and (B) majority low fluorescence intensity. Gates are as
follows: V3-L is sperm with no staining (autofluorescence), V3-R is sperm with MitoTracker
fluorescence, M1 is sperm with lower MitoTracker fluorescence, M2 is sperm with higher
MitoTracker fluorescence.

The sperm that were analyzed for red fluorescence staining of MitoTracker were further
analyzed as the percent of sperm emitting high fluorescence intensity and also low fluorescence
intensity; both analyses were significantly different among treatments (P<0.001) Fig. 4.4A).
The percentage of sperm with high fluorescence intensity decreased significantly from 73.7 –
85.4% in the lower concentrations to 67.9% in 15.6 μg/l, 28.8% in 62.5 μg/l, and 12.2% in 250
μg/l. No sperm (0%) emitted significant fluorescence in 1000 μg/L. The percentage of sperm
emitting low fluorescence intensity significantly increased in the 62.5 (62%) and 250 μg/l
(78.8%) concentrations. All (100%) of the sperm that fluoresced in the 1000 μg/l concentration
were doing so at lower fluorescence intensity.
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Fig. 4.3. Sperm stained with MitoTracker (indicating polarized mitochondrial membrane
potential) after Bayluscide exposure in all three test species. Asterisk (*) indicates a statistically
significant difference from the corresponding species‟ control (P<0.001). Error bars represent
mean ± standard error.
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Fig. 4.4. (A) C. virginica, (B) D. polymorpha, and (C) L. variegatus sperm stained with MitoTracker after Bayluscide exposure
(indicating polarized mitochondrial membrane potential) and categorized into high fluorescence intensity and low fluorescence intensity.
Asterisk indicates a statistically significant difference from the percent of sperm emitting high fluorescence in the control (**) and the
percent of sperm emitting low fluorescence in the control (*) (P<0.005). Error bars represent mean ± standard error.
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SYBR-14 staining, indicative of membrane integrity, displayed a significant decrease in
the higher concentrations of 62.5, 250, and 1000 μg/l Bayluscide (Fig. 4.5). There were no
differences in the percentages of sperm stained with PI (compromised membrane) and dual
stained with both PI and SYBR-14 (slightly damaged) as concentrations increased (between 02% in all treatments).
The percentage of sperm fluorescing with FITC-PNA staining was found to be
significantly different among treatments (Fig. 4.6). There appeared to be an overall decrease as
concentrations increased (45.2% in 0 μg/l decreasing to 10.3% in 250 μg/l) and a significant
decrease in 1000 μg/l to 4.4% sperm with an acrosome reaction.


D. polymorpha Sperm
Bayluscide only produced significant effects on the overall mitochondrial respiration of

the sperm when the cells were exposed to 1000 μg/L (Fig. 4.3). MitoTracker staining was
between 97.9 – 99.5% in the lower concentrations (0, 0.2, 1, 3.9, 15.6, 62.5, and 250 μg/l) and
then decreased to 88.2% in the highest concentration of 1000 μg/l. Of those sperm emitting red
fluorescence, the percentage of sperm emitting high fluorescence intensity ranged from 78.7 –
89.3% in concentrations lower than 1000 μg/l but then decreased significantly to 2.6% in the
1000 μg/l treatment. In agreement, the sperm emitting low fluorescence in treatments lower than
1000 μg/l did not change significantly (ranging from 10.3 – 20.5%) and the 1000 μg/l treatment
produced a significant increase to 86.4% (Fig. 4.4B).
There was a significant decrease in SYBR-14 positive staining in the 3.9 μg/L Bayluscide
treatment (0, 0.2, 1 μg/l treatments ranged from 55.2 – 48.8% compared to 36.4% in 3.9 μg/l).
The positive staining decreased in the 15.6 μg/l treatment (20.4%) and then was significantly low
in the 62.5, 250, and 1000 μg/l treatments (4.9, 3.5, and 4.4%, respectively) (Fig. 4.5). PI
positive staining decreased in the 250 and 1000 μg/l treatments (3.9 and 4.3%, respectively) in
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Fig. 4.5. Sperm stained with SYBR-14 after Bayluscide exposure in all three test species. PI
staining not shown because was very low in all species for all treatments. Asterisk (*) indicates a
statistically significant difference from the corresponding control (P<0.005). Error bars represent
mean ± standard error.
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Fig. 4.6. C. virginica and D. polymorpha sperm stained with FITC-PNA (indicating acrosomereacted) after Bayluscide exposure. Asterisk (*) indicates a statistically significant difference
from C. virginica control (*) and from D. polymorpha control (**) (P<0.001). Error bars
represent mean ± standard error.
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comparison to controls (10.6%). The sperm in transition with dual staining appeared to have an
overall decrease in percentages but were not significantly different between treatments.
Acrosomal reaction in D. polymorpha sperm as measured by FITC-PNA positive staining
was found to significantly decrease as Bayluscide concentrations increased (14.5% mean in the 0
ppb and 3% in 62.5, 250, and 1000 μg/l) (Fig. 4.6).


L. variegatus Sperm
MitoTracker fluorescence in the urchin sperm ranged between 77 and 91% for controls

and treatments between 0.2 and 62.5 μg/l. The fluorescence did decrease significantly in the
higher Bayluscide concentrations (25.1% in 250 μg/l and 2.9% in 1000 μg/l) (Fig. 4.3). While
the overall fluorescence did not decrease until the 250 μg/l treatment, the fluorescence intensity
did decrease in the lower 62.5 μg/l treatment (Fig. 4.4C).
SYBR-14 and PI fluorescence were not significantly different in all treatments with
percentages ranging from 87.2 – 89.8% with SYBR-14 staining and 5.9 – 8.5% with PI staining.
This was also the case for sperm with dual staining, which ranged from 2.8 – 3.4% (Fig. 4.5).
No FITC-PNA fluorescence was detected by flow cytometry or fluorescent microscopy.
4.3.2 Roundup


C. virginica Sperm
The concentrations of Roundup that were tested did not produce any significant changes

in the percentage of sperm with MitoTracker fluorescence (Fig. 4.7). However, there did appear
to be more sperm emitting higher fluorescence intensity than low fluorescence intensity in the 16
mg/l treatment (Fig. 4.8A). This was not a significant change due to the variability among
individual animals; yet there was a consistent trend with each individual.
No significant changes were seen among the Roundup treatments in the percentage of C.
virginica sperm stained with SYBR-14, SYBR-14 and PI, or PI (Appendix A, Fig. A.2).
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Fig. 4.7. Sperm stained with MitoTracker (indicating polarized mitochondrial membrane
potential) after Roundup exposure in all three test species. No asterisks indicate there were no
statistically significant differences from the corresponding species‟ control (P<0.001). Error
bars represent mean ± standard error.
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FITC-PNA staining in the oyster sperm was variable in all treatments and not
significantly different (Fig. 4.10).


D. polymorpha Sperm
In the assessment of the overall changes in percentage of sperm fluorescing from

MitoTracker staining, there were no significant differences between the Roundup treatments. All
of the treatments had mean percentages between 97.1 – 99.9% sperm with red fluorescence (Fig.
4.7). However, in the highest tested concentration of Roundup (16 mg/l), the percentage of
sperm emitting high fluorescence intensity significantly increased (78.9% in controls to 98.5% in
16 mg/l) and the percentage of sperm emitting low fluorescence intensity significantly decreased
in comparison to the lower concentrations of 0, 0.25, and 1 mg/l (1.4% compared to 19.9, 21.2,
and 16%, respectively) (Fig. 4.8B).
The percentage of sperm emitting green fluorescence due to SYBR-14 staining was not
significantly different (between 82.3 – 91.3%) in the 0, 0.25, 1, and 4 mg/l treatments but
decreased significantly to a mean percentage of 41.7% in the 16 mg/l treatment (Fig. 4.9). In
agreement, the percentage of sperm staining with PI stayed between 6.3 – 11.2 % in the 0, 0.25,
1, 4 mg/l Roundup treatments which were not significantly different from each other. In the
highest treatment (16 mg/l), the percentage of PI-stained sperm increased significantly to a mean
of 49%. The sperm that were dual stained with SYBR-14 and PI (slightly damaged sperm) also
increased from 1.9 – 3% in the lower 0, 0.25, 1, and 4 mg/l treatments and then significantly
increased to 7.5% in the higher 16 mg/l treatment.
The percentage of sperm with an acrosome reaction varied between 9 – 13.8% for the 0,
0.25, 1, and 4 mg/l Roundup treatments but increased significantly to 56% in the higher 16 mg/l
concentration (Fig. 4.10).
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Fig. 4.8. (A) C. virginica, (B) D. polymorpha, and (C) L. variegatus sperm stained with MitoTracker after Roundup exposure (indicating
polarized mitochondrial membrane potential) and categorized into high fluorescence intensity and low fluorescence intensity. Asterisk
indicates a statistically significant difference from the percent of sperm emitting high fluorescence in the control (**) and the percent of
sperm emitting low fluorescence in the control (*) (P<0.005). Error bars represent mean ± standard error.
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Fig. 4.9. D. polymorpha sperm stained with SYBR-14 (uncompromised plasma membrane), PI
(compromised plasma membrane), and dual stained with SYBR-14 and PI (in transition from
uncompromised to compromised plasma membrane) after Roundup exposure. Asterisk (*)
indicates a statistically significant difference from the corresponding control (P<0.001). Error
bars represent mean ± standard error.
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Fig. 4.10. C. virginica and D. polymorpha sperm stained with FITC-PNA (acrosome-reacted)
after Roundup exposure. Asterisk (*) indicates a statistically significant difference from the D.
polymorpha control (P<0.001). Error bars represent mean ± standard error.
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L. variegatus Sperm
The concentrations of Roundup that were tested had no effect on mitochondrial

membrane potential in the urchin sperm. Controls and all treatments had between 80 – 92%
sperm with MitoTracker fluorescence (Fig. 4.7). The fluorescence intensity did not change when
the sperm were exposed to the Roundup concentrations (Fig. 4.8C).
SYBR-14 staining decreased in the 16 mg/l concentration in only one of the animals;
therefore, the ANOVA did not yield a significant change with this concentration. This same
animal‟s sperm also experienced an increase in PI staining and dual staining but the sperm tested
from the other individual sea urchins did not show this trend and, therefore, the statistical
analysis did not show a statistically significant change in membrane integrity with different
treatments (Appendix A, Fig A.3).
FITC-PNA fluorescence was not detected by flow cytometry by fluorescent microscopy.

4.4 Discussion
We found that MitoTracker was a reliable indicator for detecting effects on the sperm
mitochondria. All three species‟ sperm had significantly lower percentages of sperm emitting
red fluorescence in the higher Bayluscide concentrations (C. virginica at 62.5, 250, and 1000
μg/l; D. polymorpha at 1000 μg/l; and L. variegatus at 250 and 1000 μg/l). In both the
C. virginica and D. polymorpha sperm Bayluscide exposures, significant changes from high
fluorescence intensity to low fluorescence intensity were observed at lower concentrations that
were not significantly different when analyzing fluorescence versus non-fluorescence in the
sperm. Cellular respiration did not decrease in any of the three test species‟ sperm after exposure
to Roundup treatments and the overall percentage of sperm with MitoTracker fluorescence was
high (80 - 99.9%) in all treatments. Interestingly, in the group of C. virginica and D.
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polymorpha sperm that were emitting fluorescence, there was an increase in the percentage
emitting high fluorescence intensity when exposed to 16 mg/l Roundup.
Membrane integrity as measured by SYBR-14 staining was affected in C. virginica in the
62.5, 250, and 1000 μg/l treatments. D. polymorpha sperm experienced disruption in membrane
integrity in treatments as low as 3.9 μg/l. L. variegatus sperm plasma membranes were largely
resistant to Bayluscide with no changes occurring from the exposures. Interestingly, PI and
SYBR-14 staining decreased as Bayluscide concentrations increased suggesting that Bayluscide
may either interfere with PI binding to the sperm or quenches the fluorophore. Significant
changes in membrane integrity from Roundup exposures were only observed in D. polymorpha
sperm. In this species, the 16 mg/l treatment caused a significant decrease in SYBR-14 staining
and significant increase in PI staining and dual staining.
Bayluscide caused a decrease in FITC-PNA positive staining in C. virginica and D.
polymorpha sperm. Roundup appeared to affect the acrosomal reaction only in D. polymorpha
sperm. Interestingly, this herbicide had the opposite effect from Bayluscide in that it caused an
increase in acrosome-reacted sperm in the highest concentration tested (16 mg/l). No
fluorescence was detected in any of the L. variegatus controls or treatments.
MitoTracker appeared to be a reliable indicator of mitochondrial membrane potential in
the test species. While an analysis on the gross percentage of sperm emitting any red
fluorescence related to MitoTracker staining produced significant results in all of the test species,
it was concluded that an additional analysis was necessary to further elucidate the effects on the
intensity of the staining which positively correlates with mitochondrial membrane potential.
Specifically, the change in the intensity of the fluorescence with increasing concentrations was
an interesting result that required a simple analysis with the flow-cytometer software. The
implications of a change in mitochondrial potential while still maintaining some polarization
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have not been investigated in regards to fertilization success in broadcast spawners. Further
clarification is needed before this should be considered a significant effect on fertilization, but
these results do warrant attention. Based on our findings, we propose that assaying cells with
flow cytometry following a quick incubation in MitoTracker fluorescent dye could provide a
fast, high-throughput test for investigating mitochondrial potential disruption as a mode of
toxicity (Table 4.1).
By not having to rely on egg availability and optimal sperm density, toxicity can be more
accurately assessed as being directly correlated to sperm viability rather than the possibility of
altered toxicity results due to sperm-to-egg compatibility. While using flow cytometric analyses
circumvents these problems associated with using egg fertilization as an end point, there were
also some noted disadvantages to this method for assessing spermiotoxicity. As mentioned
previously, PI and SYBR-14 staining decreased as Bayluscide concentrations increased,
suggesting that PI is not an ideal stain for assessing membrane integrity when performing
toxicity assays on sperm due to the potential of interference in fluorescence caused by the test
chemical. A decrease in PI fluorescence could falsely give the appearance of no toxic effects.
We believe that SYBR-14 binding was not affected by Bayluscide because the percentage of L.
variegatus sperm with SYBR-14 fluorescence and the intensity of that fluorescence were not
altered with increasing concentration. This suggests that SYBR-14 staining is a better indicator
of sperm membrane integrity when testing this pesticide.
Additionally, different lectins must be investigated for each species to verify that the
binding is specific to the polysaccharides in or on the acrosomal membrane. For example, FITCPNA detected acrosome reaction in C. virginica and D. polymorpha, but not L. variegatus. It
should also be noted that certain lectins bind to the outside of an intact acrosomal membrane
(indicating no reaction has taken place), while other lectins bind to the inner acrosomal contents
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Table 4.1. Summary of sperm assay results.
Species

Treatment

MitoTracker

FITC-PNA

SYBR-14

PI

Dual Stain

C. virginica

Bayluscide

↓↓

↓↓

↓↓

−

−

D. polymorpha

Bayluscide

↓

↓

↓↓

↓

−

L. variegatus

Bayluscide

↓↓

−

−

−

−

C. virginica

Roundup

−

−

−

−

−

D. polymorpha

Roundup

−

↑↑

↓

↑

↑

L. variegatus

Roundup

−

−

−

−

−

Note: Arrows indicate a significant increase (↑), significant decrease (↓), or no significant change (-) in the percentage
of pesticide-exposed sperm stained with the indicated fluorochrome in comparison to the control. Multiple arrows denote
a larger increase or decrease from the control in relation to the other species‟ corresponding assay results.
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(indicating the reaction has occurred) (Gillan et al. 2005). Therefore, a standard lectin cannot be
used to test this effect in all species and the binding location must be verified with microscopy.
4.4.1 Using Sperm Parameters to Assess Quality and Predict Fertilization Success
Multiple parameters have been established as biomarkers of a cell‟s physiological status
(Table 4.2). Plasma membrane integrity and mitochondrial membrane potential are vital
requirements for cells to be functioning normally. These attributes are especially important for
sperm because the sperm are functioning as a single cell and therefore cannot rely on
surrounding cells to compensate as a multicellular organism could in the situation where there is
a damaged cell. The acrosomal membrane is also crucial to a sperm‟s ability to fertilize an egg.
A sperm can only be considered competent if all three of these membranes are functioning and
intact (Graham et al. 1990). These flow-cytometric parameters are commonly used in seminal
analysis for hatcheries and fertility clinics but are rarely employed for ecotoxicological studies to
investigate spermiotoxicity of environmental toxicants.
An uncompromised plasma membrane is needed for the sperm cell to fuse with the egg
and begin the process of internalization of sperm nuclear material. Plasma membrane integrity is
commonly assessed using membrane-permeant nucleic acid fluorochromes, such as SYBR-14, to
label live, viable cells, in conjunction with membrane-impermeable nucleic acid fluorochromes,
such as PI, to label dead, nonviable cells (Gillan et al. 2005). This technique has been used to
identify proportions of live and dead sperm in a variety of mammalian species
(Garner & Johnson 1995). In oyster sperm, maintaining the plasma membrane integrity, as
measured with SYBR-14 and PI, has been positively correlated with motility (Paniagua-Chávez
et al. 2006).
Mitochondrial membrane potential provides the flagella energy needed to propel sperm
towards the egg. This movement is very important in broadcast spawners because the sperm are
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Table 4.2. Sperm toxicity biomarkers and detection methods.
Biomarker

Method of Detection

Investigators

Motility

CASA (computer assisted sperm analysis)

Au et al (2000)

Morphology

observing structural changes with microscopy

Zheng & Li (2009)

Fertilization ability

observing fertilization membrane around egg
with microscopy

Dinnel et al (1989), Pagano et al
(1996), Arslan et al (2007)

Plasma membrane integrity

PI (fluorescent dye)

Adams et al (2003), Lu & Wu (2005)

SYBR-14 and PI (fluorescent dyes)

Garner & Johnson (1995)

lectin binding (fluorescent dye)

Graham et al (1990)

observing structural changes with microscopy

Zhang et al (2009)

Mitochondrial membrane
potential

Rhodamine123 (fluorescent dye)

Lu & Wu (2005)

MitoTracker (fluorescent dye)

Garner et al (1997)

DNA strand breaks

Comet assay

Ciereszko et al (2005)

Acrosomal reaction
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in a dynamic environment with little time to make contact with the spawned eggs. This
biomarker for mitochondrial function has been positively correlated with motility and
fertilization in mammals (Garner et al. 1997, Marchetti et al. 2002, Espinoza et al. 2009) and
invertebrates (Lu & Wu 2005, Paniagua-Chávez et al. 2006). It has been shown that sea urchin
sperm undergo a decrease in mitochondrial membrane potential after fertilization, implying that
an increased potential is needed prior to fertilization (Kazama et al. 2006). In a study by Lu and
Wu (2005), both UVA and UVB exposures resulted in a dose-dependent decrease in
mitochondrial membrane potential. The authors concluded that this impairment in mitochondrial
function could decrease motility and fertilization success.
The acrosomal membrane must remain intact until the correct time because if the sperm
has not reached the optimal position with the egg, then the acrosomal contents will be extruded
before it can perform its function to aid in digestion of the egg coat and cell-cell binding. In
addition to an early acrosomal reaction, it would also be problematic for the acrosomal
membrane to not fuse with the egg membrane causing it to be delayed or absent during spermegg contact. Acrosome reaction inhibition has been shown to occur from exposure to
environmental agents. A possible mechanism for this inhibition could be due to a disruption in
the Ca2+ or other ion channels. The acrosome reaction requires an increase in intracellular Ca2+,
which is caused by the opening of Ca2+ channels and the ensuing influx of the ion (GonzálezMartinez et al. 2001). It has been reported that heavy metals will compete with Ca2+ and inhibit
the influx. Zhang et al (2009) found that acrosome reaction, as measured by microscopy, was
significantly inhibited compared to control groups in mud crab sperm exposed to heavy metals.
4.4.2 Bayluscide Effects on Sperm
Bayluscide seemed to manifest its effects largely on the mitochondria in comparison to
the other parameters tested. All three species‟ sperm had significantly lower percentages of
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sperm emitting red fluorescence in the higher concentrations. C. virginica sperm had significant
effects observed at the lowest concentration (62.5 μg/l) out of the three species, but L. variegatus
sperm had the lowest percentages of sperm with mitochondrial polarization in the higher
concentrations (25.1% at 250 μg/l and 2.9% at 1000 μg/l). Based on our results, it appeared
likely that C. virginica and L. variegatus sperm were more sensitive to Bayluscide than D.
polymorpha sperm.
Membrane integrity as measured by SYBR-14 staining was affected in C. virginica and
D. polymorpha from Bayluscide exposures. There was evidence that the pesticide was possibly
interfering with PI binding to the sperm or quenching the fluorophore. This phenomenon has
been reported previously due to a cross-linking of histones by formalin which caused
interference in binding to DNA (Overton & McCoy 1994). It is possible that higher
concentrations of Bayluscide are inhibiting the binding due to an alteration in the sperm DNA or
by competitive inhibition. Niclosamide could also be causing a fluorescence quenching of PI
which would result in decreased fluorescence intensity.
Bayluscide caused a decrease in FITC-PNA positive staining in C. virginica and D.
polymorpha sperm. It is possible that this pesticide inhibited the acrosome reaction as has been
the case with heavy metals and Ca2+ channel antagonists (Zhang et al. 2009). It is not likely that
Bayluscide inhibited the staining of FITC-PNA because the percentage of sperm stained with the
dye was species-specific which would not be expected if Bayluscide was inhibiting the dye.
There are several possible reasons why no fluorescence was detected in L. variegatus
sperm. This species may have different glycoproteins in and on the acrosomal membrane and
matrix that do not bind with this particular lectin, or possibly the PNA is blocking the reaction
from taking place. Podell and Vacquier (1984) found that another lectin, WGA, blocks the Ca2+
uptake and Na+/H+ exchange needed for the acrosome reaction to take place in sea urchin sperm.
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The change in mitochondrial membrane potential from Bayluscide exposures is supported
by the pesticide‟s proposed mechanism of toxicity. According to reviews by Andrews et al
(1983) and the World Health Organization (1998), the active ingredient in Bayluscideniclosamide - uncouples oxidative phosphorylation during cellular respiration. A loss in
mitochondrial membrane potential is a result of toxic insult to the cellular respiration process,
causing decreased ion transport and a reduced membrane potential.
4.4.3 Roundup Effects on Sperm
Cellular respiration did not decrease in any of the three test species‟ sperm after exposure
to Roundup treatments and the overall percentage of sperm with MitoTracker fluorescence was
high (80 - 99.9%) in all of the treatments. Interestingly, in the group of C. virginica and D.
polymorpha sperm that were emitting fluorescence, there was an increase in the percentage
emitting high fluorescence intensity when exposed to 16 mg/l Roundup. A possible explanation
is that compromised plasma membranes led to increased intracellular pH in the cytoplasm and
caused increased polarization in the mitochondria. Another study has reported that stress related
events in a B-cell line caused a rise in intracellular pH followed by a transient increase in
mitochondrial membrane potential; these events all preceded cell death (Khaled et al. 2001).
Significant changes in membrane integrity were only observed in D. polymorpha sperm.
However, sperm from one L. variegatus individual also experienced this effect in the 16 mg/l
treatment but effects on sperm of the other sea urchins tested were not detected at this
concentration. These results suggest that D. polymorpha sperm were more sensitive to
Roundup‟s toxic effect on plasma membrane integrity but that L. variegatus sperm can
experience variable toxicity also.
Roundup appeared to affect the acrosomal reaction only in D. polymorpha sperm.
Interestingly, this herbicide had the opposite effect from Bayluscide in that it caused an increase
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in acrosome-reacted sperm in the highest concentration tested (16 mg/l). It is likely that the two
test chemicals elicit different effects on the acrosomal membrane. Bayluscide may be stabilizing
the reaction by inhibiting the ion channels on the membrane and Roundup is most likely
disrupting that membrane integrity causing the acrosomal reaction to be induced. Because D.
polymorpha sperm also experienced effects on plasma membrane integrity from Roundup
exposure, the sensitivity of the sperm membranes to this herbicide is further validated. L.
variegatus sperm had no detectable fluorescence of FITC-PNA staining. Since the lack of
staining was observed when both chemicals were tested in this species, it can be concluded that
this is most likely due to the explanations mentioned above regarding different carbohydrates on
eggs of this species.
The effects on plasma membrane and acrosomal membrane integrity from Roundup
exposures are most likely not a result of the active ingredient‟s mode of toxicity. Glyphosate is
toxic to plants by an inhibition of the shikimate pathway (Duke 1990). This pathway is essential
for a plant to synthesize amino acids but it is not found in animals; thus, a low toxicity to animals
in general has been observed. The effects seen in animals from Roundup exposures, particularly
in aquatic animals, are most likely due to the so-called inactive ingredients, such as surfactants,
that are included in the final formulation (Howe et al. 2004).
Surfactants, a very common group of compounds discharged into waterways and found in
pesticide formulations, reduce fertilization success in sea urchins (Ghirardini et al. 2001, Arslan
et al. 2007). They can have particularly detrimental effects on the reproduction of marine and
aquatic species with external fertilization because the surfactants have an affinity for the plasma
membrane (Ghirardini et al. 2001). Since many toxicity tests are only performed using the active
ingredient, these potentially harmful chemicals are often not included in regulatory toxicity
assessments. Studies on aquatic animals have reported an increased toxicity to the final
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formulation of Roundup in comparison to the active ingredient, glyphosate (Tsui & Chu 2003,
Howe et al. 2004). Based on this information, it is reasonable to assume that toxicity in the form
of compromised membranes in sperm (plasma and acrosome) is due to exposure to the surfactant
in Roundup and this could lead to decreases in fertilization success.

4.5 Conclusion
In summary, fluorescent reporter dyes have shown to be effective at detecting changes in
several sperm viability parameters after exposure to Bayluscide and Roundup. Since some stains
can apparently be inhibited by certain chemicals, we suggest visual inspections of all samples
using several different dyes that report the same parameter. Although dose-response
relationships were not revealed in all of the investigations and it is evident that every fluorescent
dye is not adequate for testing all chemicals and species, flow-cytometric testing of sperm in
species likely to experience direct gamete exposure could offer a fast high-throughput method
for predicting fertilization success in these animals. Further investigations are needed to evaluate
these dose-response relationships at environmentally relevant exposures and further correlate
these with fertilization success in order to designate these parameters as successful biomarkers of
sperm toxicity.
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CHAPTER 5

SUMMARY AND CONCLUSIONS
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Increasing numbers of chemicals are being discharged into the environment each year.
Current regulatory testing for acceptable levels of these contaminants has resulted in unpredicted
and undesirable consequences in the environment. Given the potential for damaging effects at
the organism, community, and population level, there is a need to develop better methods to
identify risks and protect organisms in the environment.
Toxicant concentrations can be particularly damaging to early life stages due to their
increased sensitivity. Early life stages of many aquatic invertebrates have the additional
disadvantage of external fertilization and development resulting in direct exposure of the
gametes, embryos, and larval stages to any toxicant in the water column. By testing these
sensitive, early life stages for effects at the molecular and cellular level rather than overt
mortality, concentrations that are damaging to the organism can be detected and in turn prevent
lasting effects on reproduction and continuation of the life cycle.
Chapter 1 provides a literature review of toxicity studies conducted on gametes and early
life stages of aquatic invertebrates to investigate adverse effects on fertilization and
development. Published studies have reported increased sensitivity in gametes and early life
stages in comparison to the adult stages. Decreased fertilization rates and increased abnormal
development have been reported as a consequence of toxicant exposure to the gametes. Early
life stage exposure to toxicants has also resulted in abnormal development. Sensitivity during
early development has not only been reported to be dependent on species and stressor but is also
differential among early life stages of the same species. Together, the reports on gamete and
early life stage exposure to toxicants show inherent problems of current regulatory tests that rely
on specific species tested at only certain life stages to be representative of the toxicant sensitivity
elicited by other similar species in the environment.
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While organismal levels of stress, such as abnormal morphology, do provide accurate
indications of damage, these effects are preceded by changes in physiological processes causing
the abnormal development to ensue. Detecting biomarkers at the cellular and tissue levels can
provide an earlier warning of damage. In Chapter 1, section 1.3, widely used biomarkers of
stress and their detection methods are reviewed. Biomarkers introduced in this review include
apoptosis, heat shock proteins, metallothionein proteins, products of ROS attacks, DNA
alterations, cytochrome P450 activity, organelle instability, osmoregulatory enzymes, and gene
expression.
In Chapter 2, embryos and early larval stages of two invasive bivalves, the Mediterranean
mussel (Mytilus galloprovincialis) and zebra mussel (Dreissena polymorpha), were assayed for
physiological apoptosis and stress-induced apoptosis subsequent to exposure to a niclosamide
molluscicide, Bayluscide. Apoptosis was detected and quantified by the TUNEL method which
labels the 3‟OH ends of fragmented DNA. Despite having the same life stage transitions, the
two bivalves tested displayed differences in physiological and stress-induced apoptotic values.
In contrast to M. galloprovincialis early cleavage stages, physiological apoptosis was not
detected in D. polymorpha at the same life stage nor was it inducible from Bayluscide exposure.
Interestingly, when the early cleavage stage embryos of D. polymorpha were pulse exposed then
allowed to develop to 24 hpf in the absence of the pesticide, inducible apoptosis was observed.
These findings could indicate a stage-dependent factor in apoptotic response in this species.
After comparing peak apoptotic values between early stage larvae (24 hpf) and later stage larvae
(48 hpf), variations between the species was also observed. In D. polymorpha, the peak
apoptotic value occurred at a higher concentration (3.9 μg/l) in 48 hpf D-shell larvae than for the
24 hpf early trochophore larvae (1.0 μg/l) suggesting the later stages are more resistant to the
stress of Bayluscide exposure. Conversely, M. galloprovincialis D-shell larvae displayed peak
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apoptotic values at a lower concentration (1.0 μg/l) than observed in earlier stages (3.9 μg/l)
suggesting more sensitive later stage larvae in this species. A common phenomenon seen in the
majority of exposures was a bell-shaped trend with increased dose in which there was a peak
apoptotic value followed by a decrease in apoptotic value. This could indicate there is a
threshold at which apoptotic induction shifts to apoptotic inhibition because the energyexpensive cellular pathway can no longer be used as a protective method against damaged cells.
Because germ cell development is occurring at these early life stages, a change in apoptosis
patterns could alter cellular homeostasis and ultimately result in effects on reproductive
competence. Given that invasive species populations are often chemically controlled, there is a
potential for targeting early life stages with sub-lethal concentrations that will impair
reproduction while concurrently reducing environmental impacts to non-target species resulting
from the higher concentrations required for controlling adult populations.
In the study presented in Chapter 3, two biomarkers were investigated for use as stress
detection methods: apoptosis detected with an ELISA and hsp70 detected with Western blotting.
In this study, embryos and early larval stages of two sentinel species, C. virginica and L.
variegatus, and one invasive species, D. polymorpha, were assayed after exposure to the
molluscicide, Bayluscide, and a widely used herbicide, Roundup. The TUNEL assay used in the
previous study presented several disadvantages in quantifying apoptotic cell numbers therefore
an ELISA for detection of nucleosomal fragmented DNA was hypothesized to be a more suitable
detection method. The other biomarker used in this study was hsp70 expression subsequent to
pesticide and herbicide exposure. Western blot detection of hsp70 expression is a well
documented and widely used technique in reporting stress to organisms caused by exposure to a
variety of stressors. An inverse relationship between induced hsp70 expression and induced
apoptosis was also hypothesized based on published studies stating that the overexpression of
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hsp70 will inhibit the apoptotic pathway. In 24 hpf life stages, Bayluscide exposure elicited
significant changes in apoptosis in the two mollusk species but not in the sea urchin (L.
variegatus). Similar to the TUNEL results, D. polymorpha early cleavage stage embryos did not
display any induced apoptosis from Bayluscide exposure, but apoptotic cell induction was
detected when the embryos were allowed to develop to later life stages. In later 48 hpf life
stages, the mollusk species exhibited the bell-shaped trend of apoptotic value described in
Chapter 2, while the sea urchin larvae only displayed an increased dose response. This most
likely indicates that the mollusks had reached the threshold to shift to apoptotic inhibition due to
irreparable damage at lower Bayluscide concentrations than what was required to induce that
same threshold in sea urchin larvae, suggesting less sensitivity to Bayluscide in the sea urchin.
With Roundup exposures, there was a delayed effect in detecting apoptosis after the cleavage
stage embryos were allowed to develop to later stages. A longer 24-h exposure did elicit
apoptotic increases in C. virginica and L. variegatus larvae at concentrations as low as 0.25 mg/l
Roundup. Hsp70 expression in these early life stages was found to be extremely variable in
expression of isoforms and in differential expression among pesticide treatments for all species.
Three isoforms of about 77, 72, and 69 kDa were detected in C. virginica embryos and larvae,
but the expression and induction was often dissimilar among repeated experiments. Both D.
polymorpha and L. variegatus early life stages expressed two isoforms of 72 and 70 kDa.
However, in contrast to the other two species, L. variegatus embryos sampled at 4 hpf had no
detectable expression of any isoforms in controls and treatments. The smaller isoform (69/70
kDa) was found to be inducible from pesticide treatments in all three species, but was detected in
such low amounts and in different concentrations that it could not be conclusively used as a dose
response indicator. See Table 5.1 and 5.2 for a summary of apoptosis assay results in
Bayluscide and Roundup exposures.
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Table 5.1 Summary of apoptosis assay results in Bayluscide exposures. Exposures were at 30 minutes post-fertilization (min post-fert)
and at 24 hours post-fertilization (hpf). Apoptosis increase concentrations are the lowest concentrations at which an increase in apoptosis
relative to controls was detected. Apoptosis decrease concentrations are the lowest concentrations at which a significant decrease in
apoptosis relative to controls was detected. NA means not applicable because the exposures were not performed.
Species

Exposure Start Time

Exposure Length

M. galloprovincialis

30 min post-fert
30 min post-fert
30 min post-fert
24 hpf
24 hpf
24 hpf
30 min post-fert
30 min post-fert
30 min post-fert
24 hpf
24 hpf
24 hpf
30 min post-fert
30 min post-fert
30 min post-fert
24 hpf
24 hpf
24 hpf
30 min post-fert
30 min post-fert
30 min post-fert
24 hpf
24 hpf
24 hpf

4h
4 h pulse
24 h
4h
4 h pulse
24 h
4h
4 h pulse
24 h
4h
4 h pulse
24 h
4h
4 h pulse
24 h
4h
4 h pulse
24 h
4h
4 h pulse
24 h
4h
4 h pulse
24 h

D. polymorpha

C. virginica

L. variegatus

Apoptosis Increase
Concentration (μg/l)
3.9
NA
no increase
no increase
NA
1
no increase
1
1
no increase
62.5
3.9
no increase
0.2
no increase
no increase
1
0.2
no increase
no increase
no increase
no increase
no increase
62.5
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Apoptosis Decrease
Concentration (μg/l)
15.6
NA
15.6
250
NA
15.6
no decrease
62.5
3.9
no decrease
no decrease
15.6
250
1
no decrease
no decrease
250
62.5
no decrease
no decrease
no decrease
no decrease
no decrease
no decrease

Table 5.2 Summary of apoptosis assay results in Roundup exposures. Exposures were at 30 minutes post-fertilization (min post-fert)
and at 24 hours post-fertilization (hpf). Apoptosis increase concentrations are the lowest concentrations at which an increase in apoptosis
relative to controls was detected. Apoptosis decrease concentrations are the lowest concentrations at which a significant decrease in
apoptosis relative to controls was detected. NA means not applicable because the exposures were not performed.
Species

Exposure Start Time

Exposure Length

M. galloprovincialis

30 min post-fert
30 min post-fert
30 min post-fert
24 hpf
24 hpf
24 hpf
30 min post-fert
30 min post-fert
30 min post-fert
24 hpf
24 hpf
24 hpf
30 min post-fert
30 min post-fert
30 min post-fert
24 hpf
24 hpf
24 hpf
30 min post-fert
30 min post-fert
30 min post-fert
24 hpf
24 hpf
24 hpf

4h
4 h pulse
24 h
4h
4 h pulse
24 h
4h
4 h pulse
24 h
4h
4 h pulse
24 h
4h
4 h pulse
24 h
4h
4 h pulse
24 h
4h
4 h pulse
24 h
4h
4 h pulse
24 h

D. polymorpha

C. virginica

L. variegatus

Apoptosis Increase
Concentration (mg/l)
NA
NA
NA
NA
NA
NA
no increase
no increase
no increase
16
no increase
no increase
no increase
no increase
0.25
no increase
0.25
1
no increase
no increase
no increase
no increase
no increase
no increase
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Apoptosis Decrease
Concentration (mg/l)
NA
NA
NA
NA
NA
NA
no decrease
16
16
no decrease
no decrease
16
no decrease
16
16
no decrease
16
4
no decrease
no decrease
no decrease
no decrease
no decrease
no decrease

In Chapter 4, sperm viability biomarkers were analyzed with flow cytometry in C.
virginica, D. polymorpha, and L. variegatus after a 20 min exposure to Bayluscide and Roundup,
independently. These species all broadcast spawn their gametes directly into the water column,
which increases the potential for sperm toxicant exposure and decreased fertilization success.
Fertilization assays are often used to assess gamete toxicity, but they are dependent on egg
availability, sperm density, and sperm-to-egg compatibility. Flow cytometry permits a large
number of samples to be run in a short amount of time while simultaneously measuring sperm
parameters that are crucial to fertilization success. In this study, fluorescent reporter dyes were
shown to be effective at detecting changes in several sperm viability biomarkers. Bayluscide
appeared to decrease mitochondrial membrane potential in the sperm of all three species, as
measured with MitoTracker Red CMXRos. A decrease in the percentage of sperm stained with
SYBR-14 (indicating uncompromised plasma membrane) was observed in C. virginica and D.
polymorpha sperm exposed to Bayluscide, but propidium iodide staining (indicating
compromised plasma membrane) appeared to be inhibited by Bayluscide. Acrosome-reacted
sperm, as measured by FITC-PNA, decreased after Bayluscide exposure in C. virginica and D.
polymorpha sperm. The herbicide, Roundup, did not affect the overall percentages of sperm
stained with MitoTracker but did cause an increase in MitoTracker fluorescence intensity at 16
mg/l in D. polymorpha. Roundup also caused significant decreases in SYBR-14 staining,
significant increases in PI staining, and significant increases in FITC-PNA staining in D.
polymorpha sperm. The herbicide did not elicit significant changes in biomarker measurements
in sperm of C. virginica and L. variegatus.
As evidenced by the research presented in this dissertation, there is a need to fully
investigate detection methods of biomarkers to better identify stress to sperm and early life
stages. Apoptosis detection was a more reliable biomarker of stress regarding variability in
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experimental results compared to western blot detection of hsp70 in the early life stages of the
test species. Still, the two methods of apoptosis detection each had their own advantages and
disadvantages. The ELISA detection method for DNA fragmentation was found to be less timeconsuming and less subjective in the manual counting and determination of apoptotic and
necrotic cells with microscopy, which were noted concerns with the TUNEL assay. These
attributes would be beneficial for biomonitoring or risk assessment programs that use many
different labs and investigators for reporting results. However, during the ELISA sample
preparation there is no visualization of the sample with microscopy, so there is concern that
complete lysis has occurred and accurate determinations of fragmented DNA are being reported
in the absorbance readings. Also, the ELISA did not allow for a determination of the actual
apoptotic cell numbers in the sample because the absorbance reading is normalized against that
in the controls. By not being able to compare the number of apoptotic cells in the controls of
replicated experiments, there could be undetected variability in baseline apoptotic cell number
due to seasonal variation or from additional stresses the parents had previously experienced.
It is also evident that full investigations need to be conducted to find suitable fluorescent
dyes that will accurately report parameters in all species exposed to all chemicals before using
the dyes for large-scale monitoring of spermiotoxicity. For example, the widely used fluorescent
dye, propidium iodide, was found to be an inaccurate reporter of compromised membranes in the
presence of Bayluscide, which could falsely give the appearance of no toxic effects to the sperm.
Additionally, if assaying acrosome reaction in sperm, the lectins must be investigated for each
species to verify that the binding is specific to the polysaccharides in or on the acrosomal
membrane, as FITC-PNA did not detect acrosome reaction in the sea urchin sperm.
In conclusion, the research presented in this dissertation provides evidence that
physiological stress can be detected in sperm and early life stages of M. galloprovincialis,
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C. virginica, D. polymorpha, and L. variegatus. When changes in sperm viability biomarker
measurements were detected, it occurred in the highest concentrations of the pesticides
suggesting that the sperm are less sensitive to the test chemicals than the early life stages.
However, further investigations are needed to determine the long-term effects of damage
detected by these measurements. If the damage incurred at these stages does translate to lower
fertilization success and abnormal development then it is probable that reproductive capacity of
the population will be affected as well. By finding the most meaningful biomarkers and
detection methods, measuring damage to sperm and early life stages can provide insight into the
sub-lethal concentrations that may seemingly appear to be safe for an organism but could
potentially pose serious risks to the population.
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APPENDIX A: SUPPLEMENTAL FIGURES

Fig. A.1. Phase micrographs showing representative early developmental stages of bivalve mollusks.
Stages progressing from left to right: early cleavage, late cleavage, ciliated blastula, trochophore, and Dshell. Scale bar represents 50 μm for all micrographs.
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Fig. A.2. C. virginica sperm stained with SYBR-14 and PI after Roundup exposure. Error bars
represent mean ± standard error.
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Fig. A.3. L. variegatus sperm stained with SYBR-14 and PI after Roundup exposure. Error bars
represent mean ± standard error.
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APPENDIX B: PERMISSIONS TO REPRINT ARTICLES
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APPENDIX C: HPLC ANALYSIS OF BAYLUSCIDE CONCENTRATIONS
Nominal Bayluscide concentrations were achieved by 25% serial dilution and were: 0.1,
0.2, 1, 3.9, 15.6, 62.5, and 250 μg/l. Actual Bayluscide concentrations were measured by HPLC
at the start and end of each treatment exposure. HPLC detections limits did not permit accurate
measurements in the 0.1, 0.2, 1, and 3.9 μg/l concentration samples. The 15.6 μg/l nominal
treatment concentrations were measured with HPLC and determined to be between 14.8 and 17
μg/l with an average measurement of 15.8 μg/l. The 62.5 μg/l nominal treatment concentrations
were measured with HPLC and determined to be between 60.6 and 66.5 μg/l with an average of
62.6 μg/l. The 250 μg/l nominal treatment concentrations were measured with HPLC and
determined to be between 248 and 250 μg/l with an average of 249.7 μg/l. Measurements did not
vary between the start and end of each exposure period indicating that Bayluscide did not
degrade over the exposure times.
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